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To my Family..
...even under the drab sky of an aparo day, the Casiquari seemed extraordinarily 
beautiful. We were on the move again. The small wake from the puttering motor 
spread out behind us on the sluggish, dirty-brown, flood-swollen waters...
-Redmond O’Hanlon, In Trouble Again. 
A Jounev between the Orinoco and the Amazon
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ABSTRACT
Water column samples from three vastly contrasting coastal regimes 
(Framvaren Fjord, Norway, the Amazon and Mississippi River outflow 
regions) were analyzed to study the estuarine transport and scavenging 
processes of 210Pb, 210Po, 234U and 238U. The Amazon and Mississippi River 
outflow regions are two of the world’s largest river-ocean mixing systems 
that contrast each other sharply in many physiographical and geochemical 
features.
The Amazon is a tropical, high energy, shelf environment where 
estuarine physico-chemical processes are strongly influenced by sediment- 
water interactions. The Mississippi system on the other hand discharges 
much of its load close to the shelf-break where estuarine geochemical 
processes are largely separated from benthic processes. The distribution of 
uranium in these two systems reflects the vastly contrasting environments. 
In the Amazon, U is consistently non-conservative -  showing removal at all 
river discharge stages. Removal of U from this water column onto 
particulates involves scavenging by colloidal-sized metal oxides, flocculation 
and subsequent aggregation up the particle size spectrum. In the 
Mississippi River outflow region, U is conservative at all normal river 
discharge stages. However, during flood/drought conditions uranium does
xiv
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exhibit non-conservative estuarine behavior and U removal is thought to be 
a function of the reactivity of the earner phase.
Framvaren Fjord represents a unique environment in which to 
investigate estuarine biogeochemistry. At about a salinity of 21 and a depth 
of 20 meters (well within the photic zone), a very sharp O2 /H 2S boundary 
controls the vertical distribution of a suite of trace metals and radionuclides. 
The uptake and release of such elements by dense communities of 
anoxygenic phototrophic bacteria (e.g., Chlorobium and Chromatium ssp.) 
create very sharp concentration peaks at the redoxcline. Such bio­
concentration at the O2 /H2 S boundary has been observed in the vertical 
profiles of 210Po, 210Pb, Fe, Mn, U, Ba and Sr. Mechanisms or processes to 
create such distributions must be biogenic and are most likely microbially 
mediated. Results from this study indicate that even elements once thought 
to be quite non-reactive in natural waters, such as uranium, can in fact be 
susceptible to both biotic and abiotic enrichment/depletion processes.
xv
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CHAPTER 1. 
INTRODUCTION
1 .Oa Introductory Statement
Naturally occurring radionuclides (e.g., uranium-series radioisotopes) 
provide unique opportunities for scientists studying time-dependant 
biogeochemical cycles in the environment. Source functions of these 
radionuclides are often well known and quantifiable which enables accurate 
first-order mass balance calculations. Because radionuclides decay with 
time, exponential decay laws and numeric models can be used to derive 
both rate constants for their transport (i.e., residence times) and removal 
estimates from the water column.
The use of certain radionuclides as analogs for particle-reactive 
elements and compounds requires that these radionuclides behave similarly 
to the elements in question. This entails both similar removal mechanisms 
from the water column and similar phase associations in suspended 
particles and sediments. This dissertation is devoted to the study of select 
radioisotopes and trace metals in varying coastal waters and sediments in 
order to better understand their fine-scale behavior across a suite of 
environmental gradients, including suspended particulate matter (SPM), 
dissolved organic carbon (DOC), salinity, and dissolved 0 2, pH and SH2S.
1
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21 .Ob Text Organization
This introductory Chapter 1 is organized into the following two major 
sub-sections. Because the nature of a particle or a particle surface/coating 
directly controls elemental scavenging efficiency and thus elemental 
reactivity, the first section presents a review of the dominant solid phase 
components. This review also presents current knowledge on chemical 
extraction schemes and their inherent shortcomings. The second part of 
Chapter 1 summarizes the marine geochemistries of 210Po, 210Pb, 234U, and 
238U as well as other radionuclides. Emphasis in this section is on 
describing the behavior of these radionuclides in the water column and 
underlying sediments of select estuaries and an anoxic basin, as well as 
examining the partitioning between ‘dissolved’ and ‘particulate’ phases.
The subsequent four chapters (2, 3, 4 and 5) report on individual 
case studies of the estuarine behavior of select radionuclides. Chapters 2 
and 3 present work on the vertical distribution of 210Po and 210Pb, U, Fe, Mn, 
Sr and Ba across the redox transition zone of a permanently anoxic fjord in 
southern Norway (Framvaren Fjord). Chapter 4 discusses the contrasting 
physiographic outflow regions of the Amazon and Mississippi Rivers and 
how these environmental differences affect the estuarine geochemistry of 
uranium. The 234U/238U isotope systematics in the water column and 
sediments of the Amazon shelf are addressed in Chapter 5. Finally, an
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
3overview/summary of the major findings of each chapter are presented in 
Chapter 6.
1.0 BACKGROUND
The geochemical cycle of the ocean is controlled, in part, by the 
reversible transfer of elements between the so-called dissolved and 
particulate pools (cf. Broecker and Peng, 1982). It is through this process 
that the reactive elements, with oceanic residence times of less than ± 1000 
years, are rapidly removed from solution and ultimately deposited to the 
seabed. Some thirty years ago, Turekian (1977) eloquently described this 
cleansing capability of the oceans in terms of the "...great particle 
conspiracy". Many man-made contaminants (i.e., organic compounds) also 
behave in this 'particle-reactive' manner (Broecker et al., 1973; Olsen et al, 
1982), creating a need to understand these phase transformation reactions 
and/or associated processes. Knowledge of this partitioning between the 
dissolved and particulate phases in natural waters is necessary for marine 
geochemists to fully understand the ocean as a complete chemical system.
The processes which describe the interaction of elements with 
particles are well known: dissolution, flocculation, ion exchange, sorption, 
(co)-precipitation, electron transfer and biological uptake (Jenne, 1977, 
Stumm and Morgan, 1981; Olsen etal., 1982; Drever, 1988; Stumm, 1992). 
In aquatic environments these processes often occur simultaneously in 
series or parallel. In order to understand oceanic cycling, pollutant
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
4distribution (and availability), or sediment diagenesis, we must understand 
how elements are associated with particles and sediments.
Sediments can conceptually be classified according to their origin: 
lithogenic, authigenic, cosmogenic, or biogenic (Goldberg, 1954). However, 
it is usually difficult to chemically isolate such idealistic fractions. A more 
practical classification scheme divides sediments into their respective 
chemical components: carbonates, clays, silicates, metal oxides/hydroxides, 
sulfides, phosphates, and organic matter (Jenne, 1977; Gibbs, 1973; 1977). 
Most sediments are a complex combination of these various classes and 
may consist of multiple layers or phases (Jenne, 1968). These chemically 
distinct sediment components yield important information of the processes 
which control element partitioning between the dissolved and particulate 
phases (Forstner and Patchineelam, 1980; Forstneret al., 1989).
Geochemists have used radionuclides, both natural (e.g., U-series 
radionuclides) and artificial (e.g., 137Cs, 239,240Pu), to study many natural 
processes which occur in aquatic environments (Broecker and Peng, 1982; 
Guary et al., 1988; Ivanovich and Harmon, 1993). Radionuclides have 
many important applications in environmental science as they can provide a 
means for quantifying time-scales of aquatic processes, such as particle and 
water column dynamics (Koide et al., 1972; 1973; Bruland, 1974; Nittrouer 
et al., 1979). For example, in studies concerned with particulate scavenging 
or early diagenesis, radionuclides are often used as 'geochronometers1 for
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5the measurement and quantification of these processes (Krishnaswami et 
al., 1971; Bruland, 1974; Krishnaswami and Sarin, 1976; Santschi et al., 
1980a,b; Carpenter et al., 1981; Cochran, 1982; Gascoyne, 1982; Harmon 
and Ivanovich, 1993).
In studies dealing with the fate of reactive elements it is impractical 
and often difficult to measure each individual element (Donard et al., 1983). 
Certain natural radionuclides, notably 7Be, 210Pb, 210Po, ^ T h  and 234Th, 
have been used as analogues of the particle-reactive species such as 
organic pollutants and many trace metals (Goldberg, 1954; Turekian and 
Chan, 1971; Broecker et al., 1973; Santschi et al., 1980a,b; Goldberg etal., 
1988; Guary et al., 1988). Their utility as analogues relies on the similarities 
between the radionuclide and the element in their interactions with the 
aquatic environment (Koide et al., 1972; 1973; Lewis, 1977; Li et al., 1981; 
Ivanovich and Harmon, 1993). Specifically, the usefulness of radionuclides 
in environmental science is due primarily to the following inherent 
characteristics: 1) because they undergo radioactive decay, they are ‘built- 
in’ geochronometers (they contain an internal clock), 2) contamination is 
usually much less of a problem for radionuclides than for trace metals, 3) 
source functions of radionuclides are usually well known, and 4) analytical 
resolution is usually much better (decay event vs. total mass). It must also 
be assumed that the removal mechanisms are the same for the analog 
radionuclide and the reactive element (Thomson et al., 1975; Nittrouer et al.,
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61979; Toole et al., 1988; Wei and Murray, 1994). Santschi et al. (1983a,b) 
have shown that two short-lived isotopes of thorium, 234Th and 228Th, have 
removal behavior very similar to iron, lead, mercury, chromium and 
polonium in both laboratory-defined microcosms and Narragansett Bay. 
Although these studies imply similar behavior, little work has been done to 
show that the removal mechanisms are indeed the same.
The use of radionuclides in determining sedimentation rates is also 
affected by the process of removal from the water column and/or any 
diagenesis within the sediment. The methods commonly used for 
geochronological studies assume the radionuclide is removed from the 
water at a rapid rate, relative to particle removal, and that the flux is constant 
to the sediments (Bruland, 1974). If the radionuclide is removed by various 
particulate phases at different rates or efficiencies, it is possible that a 
missinterpretation of the calculated sediment age or rate of deposition will 
occur (Veeh, 1963; Voudrias and Means, 1993). For example, Bonatti et al. 
(1971) found that uranium in some deep-sea cores exhibited a post- 
depositional mobility which could introduce errors in geochronologies 
determined either by the 230Th/232Th or the 230Th/231Pa method. It was 
suggested that this mobility may be due to a diagenetic event which can 
alter an individual sediment phase, thereby releasing uranium from that 
phase (Yamada and Tsunogai, 1984). More recently, Benoit and Hemond 
(1987; 1988; 1990; 1991) have extensively studied the seasonal behavior of
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
7210Pb and 210Po in a freshwater lake. Their results clearly show a post- 
depositional mobility of 210Pb (e.g., molecular diffusion through micro-pores) 
which can cause a substantial offset in the calculated sedimentation rate 
derived from the 210Pb analyses. In contrast to such chemical release 
mechanisms, processes which can lead to the physical remobilization of 
reactive elements can include: sediment resuspension, biological activity, 
wave action and erosion (Duinker, 1980; Olsen et al, 1982; Delfino and Otto, 
1986; Biscan et al., 1991). The chemical environment in which sediments 
are deposited may also affect such physico-chemical mobility: i.e., riverine, 
estuarine, deep-sea, oxic or anoxic (Drever, 1988; Davis and Kent, 1990). 
Finally, the ephemeral nature of such depositional environments can further 
complicate the behavior of many reactive species (Cossa et al., 1990).
1.1. ROLE OF PARTICULATES
1.1.1 Particles and Colloids
It has been widely recognized that the reactive surface sites of 
particulate material are the major sequestering agent of dissolved trace 
elements and compounds in the aquatic environment (Krauskopf, 1956; 
Turekian, 1977; Brewer and Hao, 1979; Stumm and Morgan, 1981; 
Goldberg et al., 1988). Mechanisms involved in this dissolved-particulate 
partitioning are complex and still not well understood. Particulate material 
generally consists of various phases, which result from natural chemical 
alteration (e.g., adsorption, flocculation, complexation or redox reactions) of
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1979; Lion et al., 1982; Etcheber et al., 1983). Both macro- and micro­
organisms may also be important in waters that have low concentrations of 
inorganic suspended material, due to the active and/or passive incorporation 
of elements into soft tissues, tests and fecal material (Edginton et al., 1970; 
Kharhar et al., 1976). Fine-grained particles and colloids generally occur as 
aggregates of intermeshed or layered iron-oxide coatings, manganese-oxide 
particles, organic coatings, or carbonates, which are associated 
predominantly with clay-sized particles (Jenne, 1968; 1977; Hsi, 1981; Singh 
and Subranmanian, 1984; Hsi and Langmuir, 1985; Kersten and Forstner, 
1987; Ruttenberg, 1992; Stumm, 1992). These reactive surface sites may 
then act as sources or sinks for dissolved elements in the aquatic 
environment, depending both on the chemical reactivity and on the 
residence time of a particular species in a water mass (Sulzberger et al., 
1989).
It is evident that the particle affinity of these reactive elements can be 
very important to the geochemistry and behavior of these elements in 
aquatic systems. It is applicable to look at the phase associations of 
elements to infer processes of removal for a wide variety of compounds. 
The most important geochemical components are the iron and manganese 
(oxy)hydroxides, organic coatings and particles, carbonates, sulfides, 
phosphates, and detrital clays and silicates (Stumm and Morgan, 1981).
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
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environmental conditions, such as pH, Eh, salinity, alkalinity, etc. River- 
dominated coastal areas (estuaries), are well known sinks of many elements 
(Sholkovitz, 1976; 1977; Fox, 1983; 1984; Fox and Wofsy, 1983; Keeney- 
Kennicutt and Presley, 1986; Rosental et al., 1986), and many reactive 
pollutants tend to accumulate in these environments (Forstner and Wittman, 
1979; Skei and Paus, 1979; Forstner and Patchineelam, 1980; Holmes, 
1986; Alexander et al., 1993, Benoit et al., 1994). Widely fluctuating 
chemical conditions, i.e., salinity, pH, dissolved oxygen and biological 
activity can cause a re-mobilization or repartitioning of these phase:species 
associations (Biscan et al., 1991; Sholkovitz et al., 1994). In estuarine 
sediments, one phase often does not have a large binding capacity and a 
variety of phases may exist simultaneously, depending on season and flow 
conditions (Brannon et al., 1977; Sharp et al., 1982).
1.1.2 Fe and Mn Oxides
The (oxy)hydroxides of iron and manganese are among the most 
important sediment components in the aquatic environment insofar as they 
are instrumental in controlling metal ion sorption and thus metal behavior (cf. 
Singh and Subramanian, 1984). These oxides have been described as the 
major carrier phase of many reactive elements in both river water and 
seawater (Benninger et al., 1975; Brewer and Hao, 1979; Carpenter et al., 
1981; Gibbs, 1973; 1977; McDuffie et al., 1976; Hem, 1978; Lion et al.,
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1982; Scott, 1982; Delfino and Otto, 1986; Cossa et al., 1990; Benoit et al., 
1994). The amorphous nature of Fe and Mn oxides present in natural 
waters promotes active surface sorption and complexation of metal ions.
Fe and Mn oxides are present either as coatings on clay particles or 
as discrete minerals (Davis and Leckie, 1978; Davis and Kent, 1990). The 
crystalline structure of both Fe and Mn oxides is most commonly not well 
defined in aquatic environments (Dzombak and Morel, 1990). Because of 
the extremely insoluble nature of the trivalent iron oxides and fast 
oxidization-precipitation kinetics, an amorphous iron oxide can exist as the 
thermodynamically favorable phase. As a group, manganese oxides are 
usually even more nondescript in character than iron oxides (Balistrieri and 
Murray, 1986). This is most likely due to the formation of non-stoichiometric 
Mn oxides with variable oxidation states (+2, +3, +4,) and also greater 
isomorphic substitution as a result of slower precipitation kinetics (Jenne, 
1977). The surface area of these poorly defined iron and manganese 
oxides can be very large (up to 600 m2 g'1; Dzombak and Morel, 1990) and 
thus are an extensive source of potential surface sites. The amorphous 
nature of these oxides is therefore largely responsible for the efficient 
scavenging capability for radionuclides and metals (Singh and 
Subranmanian, 1984).
Two general types of scavenging mechanisms may occur at the oxide 
surface: specific (chemical) and non-specific (physical) adsorption (Davis
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and Leckie, 1978; Davis and Kent, 1990; Stumm, 1992). Briefly, non­
specific adsorption describes the process by which the sorbed ion retains its 
solvation shell and forms an outer-sphere complex with surface functional 
groups such as oxides (Davis and Kent, 1990; Dzombak and Morel, 1990). 
Adsorption of these weakly bound ions is more dependent on the 
electrostatic attraction between a charged oxide surface and an oppositely 
charged ion. Conversely, specific adsorption describes the coordinative
displacement of H ions bound to the surface oxygen by the metal cation 
that is dominated by covalent bonding rather than electrostatic attraction. 
This latter mechanism of strongly bound metal ion adsorption will yield inner- 
sphere complexes at the oxide surface (Waite et al., 1994). Either 
mechanism of adsorption will yield a metal-oxide complex that can behave 
very differently across chemical gradients in natural waters (Mayer et 
al.,1984). For example, one would expect an outer- rather than an inner- 
sphere metal-oxide complex to be susceptible to changes in ionic strength, 
i.e., across a salinity gradient. A linear decrease in uranium Kd’s 
(distribution coefficients) across a salinity gradient on the Amazon Shelf led 
Swarzenski et al. (1995) to suggest that, in this particular setting, U was 
most likely associated in a weakly-bound, reactive outer-sphere metal oxide 
complex. Once a metal ion is adsorbed to an oxide surface, which is usually 
a very rapid process, incorporation into the oxide lattice may occur either 
through molecular diffusion or precipitation. Some metal ions can be
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trapped in this manner into the lattice framework where they remain 
relatively immobile (e.g., 137Cs; 7Be).
Dissolution of Fe and Mn oxides can occur readily in response to a 
pH change, a decrease in the redox potential (Eh) or an increase in the 
concentration of complexing agents (McDuffie et al., 1976; Moore et al., 
1979; Tipping et al., 1985). Hem (1978a,b) described the manganese cycle 
from the dissolved ion through its removal to the sediments:
adsorption onto particles
U
burial in bottom sediments
li
reduction of Mn(IV) to soluble Mn(ll) 
in anoxic sediments
U
diffusion of Mn(ll)
U
oxidation to Mn(IV) at the oxic-anoxic interface
U
re-precipitation or adsorption onto particles
This sequence, which in many ways is analogous to the redox 
chemistry of Fe, is very important in the recycling of redox-sensitive and 
particle reactive elements. Balistrieri and Murray (1986) indicated that the 
cycling of manganese from the dissolved to particulate state may be 
responsible for large-scale removal of reactive elements in the ocean. 
Indeed, Fe/Mn hydrous oxides are thought to be closely tied to the behavior 
of trace metals, REEs or radionuclides in many rivers (Gibbs, 1973; 1977;
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Plater et al., 1992; Sholkovitz et al., 1994) lakes (Benoit and Hemond, 1990; 
Balistrieri et al., 1992a,b; 1994; 1995), estuaries (Serodes and Roy, 1983; 
McKee et al., 1987; Alexander et al., 1993; Sholkovitz, 1993), anoxic basins 
(Bacon et al., 1976; 1980; Todd et al., 1986; Anderson, 1982; 1987; 
Anderson et al., 1989) and interstitial waters (Swarzenski et al., 1992; 
Nagao etal., 1992).
Using 210Pb as a natural tracer for reactive elements, Benninger et 
al., (1975) found that the dissolved metals in streams were efficiently 
scavenged by either manganese/iron oxides or organic matter. In the open 
ocean, Bacon et al., (1976) have shown adsorption on iron and manganese 
oxides at oceanic boundaries to be the dominant mechanism controlling 
removal of 210Pb. Bacon et al (1980) have also shown a strong correlation 
between 210Pb and manganese in the anoxic waters of Cariaco Trench, 
implying similar removal.
As a class, the manganese oxides appear to be more efficient 
scavengers of dissolved elements than iron oxides (Chao and Theobald, 
1976; Balistrieri and Murray, 1986; Lewis and Landing, 1991). The sorptive 
properties of these oxides are related to their unique structural and colloidal 
characteristics, high surface charge and cation adsorption capacity over a 
narrow pH range (Means et al., 1978a). It has been suggested (Means et 
al, 1978a) that maintenance of large manganese oxide concentrations and 
oxic conditions in radioactive waste burial pits could significantly reduce the
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remobilization of many radionuclides, especially the actinide elements. In a 
study of waste burial pits at Oak Ridge National Laboratory, Means et al., 
(1978a,b) found that manganese oxides, and to lesser extent iron 
oxyhydroxides strongly bind the actinides in the surrounding soils and 
sediments. This phase possesses a strong sorptive capacity for most of the 
actinides, evidenced by enriched uranium and thorium concentrations in 
deep sea nodules (Kunzendorf and Friedrich, 1976) and high concentrations 
of uranium in iron sesquioxides and hematite (Ho and Doern, 1985). 
Carpenter et al., (1981) found 92 % of the 210Pb was associated with the 
manganese oxide phase and less than 4 % with the organic phase in 
Washington shelf and slope sediments.
1.1.3 Organic Matter
Organic matter (i.e., organic carbon) also plays a major role in the 
partitioning of elements within the particulate phase (Davis, 1982; 1984; 
Balistrieri and Murray, 1986; Dzombak et al., 1986; Fish et al., 1986). The 
dominant components of organic carbon in ‘average’ natural water are fulvic 
and humic acids (~ 50 %), which together constitute humic substances, and 
hydrophilic acids (~ 30 %). Simple compounds such as carbohydrates and 
carboxylic acids comprise the remaining 20 % (Thurman, 1985). The 
relative abundance of these organic components can shift dramatically from 
one river to the next. For example, humic substances in highly organic 
rivers such as the Suwannee River can exceed 90 % of the entire organic
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carbon content. The predominant functional groups of humic substances 
are carboxylic acids and phenols, yet many other groups (e.g., N, S) may 
also strongly affect metal scavenging, depending on the particular 
environmental setting.
Organic carbon has an anodic character which enables it to interact 
with metal cations, resulting in complex associations by ion exchange, 
adsorption and chelation (Duinker, 1980). Organic carbon is able to modify 
the solubility, redox potential and precipitation behavior of many metals and 
organometallic complexes. This may cause an increased solubility and 
mobilization in such elements as: Cu, As, Pb, Hg, Cd, Co, Ag, Ni, Sn, Al, U 
and Th (Santschi et al.,1988) and possibly the transuranics (Olsen et al., 
1982). Actual mechanisms are still largely unknown, but as a class, organic 
material is believed to control metal ion adsorption onto marine particulate 
matter (Balistrieri et al., 1981). Clay minerals also strongly adsorb humic 
material that can then interact with metal oxides and hydroxides and greatly 
affect the surface adsorption characteristics.
Metal ion adsorption mechanisms onto organic matter are not well 
understood because of the inherent physical and chemical complexity of 
these organic molecules. Most likely, as with Fe/Mn hydrous oxides, 
surface functional groups of organic carbon can form either inner- or outer- 
sphere metal complexes. These sorption reactions (specific and non­
specific) commonly involve a transfer of protons and are therefore extremely
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pH sensitive. A lowering in pH can frequently initiate the reduction and 
subsequent dissolution of Fe/Mn oxides. The non-reductive dissolution of
Fe(lll) or Mn(IV) can be further enhanced if the H bonds to the oxygen on 
the oxide surface thereby weakening the critical Fe- or Mn oxygen bond 
(Waite, 1990). A similar mechanism of non-reductive dissolution can be 
invoked for organic matter in which ligands complex Fe on the oxide surface 
and form soluble Fe-ligand complexes (Stone and Morgan, 1986).
Decomposition of organics within the sediment may lead to changes 
in the distribution of sediment components and their associated elements, 
possibly altering them into more readily available or mobile phases. Flow, 
currents and biological conditions can also alter the removal of trace metals. 
Presley et al. (1972; 1980) found that low flow conditions in the Mississippi 
River initiated an increase in particulate organic matter that could cause a 
change in particulate-metal interactions. Complexing agents, such as 
EDTA, and natural organics are also known to promote the formation of 
strong complexes with certain radionuclides and can reduce the binding 
capacity of the particulates for the radionuclides (Means et al., 1978c). 
Bowen et al., (1976) have also suggested that the sedimentary organics 
play a vital role in the remobilization of transuranium elements, notably 
plutonium. Laboratory experiments have shown Cu, Co, Mn, Ni and Zn can 
all be solubilized from carbonates and sulfide phases by interaction with 
organic matter (Rashid and Leonard, 1973).
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1.1.4 Carbonates, Sulfides and Refractory Minerals
While Fe and Mn hydrous oxides and organics are certainly the most 
important sediment components in terms of metal adsorption and cycling in 
many aquatic systems, the role of carbonates, sulfides and refractory 
minerals may become significant in certain environments. Under anaerobic 
conditions, specific bacteria are able to utilize sulfate as their terminal 
electron acceptor and derive energy from the reduction of sulfate to sulfide. 
In the presence of sulfide, ferrous iron is rapidly removed as FeS and, due 
to the fine size of the particles, adsorbs onto larger sediment grains (Berner, 
1971; Burdige, 1993). This FeS coating gives anoxic sediments their 
characteristic black color (Oakley et al., 1980; 1981).
The reactive metals may also be removed as their insoluble sulfides 
(e.g., FeS, PbS, ZnS). This removal process, whether it be a pure metal 
sulfide precipitation, solid sulfide formation, adsorption onto FeS, or a 
combination of these is not well known (Oakely, et al., 1980). Co- 
precipitation with iron sulfides appears to be a sink for trace metals in anoxic 
sediments, however direct evidence is sparse (Presely et al., 1972; Forstner 
and Wittman, 1979). Reduction of Fe/Mn oxides in the sediments may 
release substantial quantities of adsorbed metals that may quickly adsorb 
onto FeS and pyrite (Shannon and White, 1991).
The sulfide component may also be an important source of elements 
to the water column. Oxygen can be introduced into anoxic sediments
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through various physical or biological processes. This oxygenation will 
cause an oxidation of sulfides and the subsequent release of any associated 
metals. This process may be important, especially in intermittently anoxic 
areas, where seasonal overturn can produce oxidizing conditions within 
surficial sediments (Benoit and Hemond, 1990; Balistrieri et al., 1994).
Carbonate minerals are also potential scavengers of trace elements 
and are present in varying degrees in most rivers and estuaries. Carbonate 
precipitation in estuarine and coastal sediments may be important in areas 
of high sedimentation, which limits the diffusional re-equilibration of pore 
water to the over-lying waters (Jenne, 1977). Co-precipitation of zinc and 
cadmium with the carbonate fraction was prevalent in the Rhine River 
sediments (Forstner and Patchineelam, 1980) and lake sediments (Deuer et 
al., 1978). Under anoxic conditions, manganese carbonate precipitation 
may control interstitial water manganese concentrations (Forstner and 
Wittman, 1979).
The detrital or refractory component is a dominant phase for many 
elements (Lyle et al., 1984). Gibbs (1973; 1977) looked at Amazon and 
Yukon River sediments and found the predominant concentrations of Cu, Cr 
and Co were in the crystalline lattices of detrital minerals. Similar results 
have been shown in a variety of differing sediments (Brannon et al., 1977; 
Eisenreich et al., 1980; Gupta and Chen, 1975; Presley et al., 1980). This 
phase is considered to be geochemically unreactive, and unavailable under
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
19
normal conditions. Metals associated with this phase are assumed to be 
present in the weathered material and should therefore be close in 
concentration to crustal abundances. The primary importance of detrital 
mineral phases, such as clays and silicates, is to provide adsorption sites for 
reactive phases or nucleation centers for flocculation and precipitation 
(Duinker, 1980).
1.1.5 Photochemical and Microbial Interactions of Fe, Mn, U and Po
A number of studies have indicated that sunlight may directly induce 
changes in the speciation of Fe and Mn oxides in natural waters. This can 
occur through reduction of Fe(ill)/Mn(IV) species or the dissolution of 
colloidal Fe/Mn oxides (Sunda and Huntsman, 1987; 1988; Stone and 
Morgan, 1984; Waite and Morel, 1984; Sunda and Huntsman, 1994; Waite 
et al., 1994). As these metal oxides are important carrier phases for many 
elements, this phase cycling within the photic zone of a water column can 
have a pronounced effect on the behavior of a metal. While direct evidence 
is sparse, it is conceivable that photochemical reactions in the surface water 
column can also initiate a phase transformation directly with an element that 
has multiple oxidation states, such a uranium, polonium and even lead.
In addition to photochemical transformations, it is increasingly evident 
that micro-organisms play an important role in most redox-mediated 
reactions within a water column or underlying sediment (Sunda and
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Huntsman, 1987; Harada et al., 1989; Moffett, 1994). The effect of micro­
organisms in the reduction-oxidation of metals can be either indirect (non- 
enzymatic) or direct (enzymatic/dissimilatory). Traditionally, metal reduction 
has often been regarded as a non-enzymatic process and thus the role of 
micro-organisms is usually considered non-specific. In contrast, recent 
studies have shown that there are many specific groups of micro-organisms 
that can conserve energy to support growth by coupling the oxidation of 
organic compounds to the reduction of Fe(lll) or Mn(IV) (Mohagheghi et al., 
1985; Lovley, 1995). Enzymatic microbial reduction (and possible oxidation) 
as well as photo-oxidative reactions can therefore greatly influence the 
geochemistry of these metal oxides and their associated radionuclides 
and/or trace metals.
1.1.6 Chemical Extractions
Analytical techniques utilizing selective chemical extractants have 
been widely used to understand and describe the nature of trace element 
associations in sediments (Gad and LeRiche, 1966; Chester and Hughes, 
1967; Presley et al., 1972; Brannon et al., 1976; Engler et al., 1977; Malo, 
1977; Guy etal., 1978; Kitano and Fujiyoshi, 1980; Luoma and Bryan, 1981; 
Moorby and Cronan, 1981; Lion et al., 1982; Etcheber et al., 1983; Prohic 
and Kniewald, 1987; Chester et al., 1988). These techniques allow for a 
gross quantification of the operationally-defined sediment phases and the 
trace elements associated with them (Luoma and Bryan, 1981). Studies
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dealing with trace element remobilization (Farmer, 1978, 1981; Farmer et 
al., 1980; Presley et al., 1980; Skei and Paus, 1979), potential bioavailability 
(Jenne and Luoma, 1977; Luoma and Davis, 1983; Luoma and Jenne, 
1976), fates of anthropogenic inputs (Cerling and Turner, 1982; Chao, 1972; 
Means et al. 1978a,b,c), and transport and removal mechanisms of trace 
metals (Deuer et al., 1978; Gibbs, 1973; 1977; Oakley et al., 1980, 1981) 
have all used selective leaching schemes in some way.
Most of the published extraction studies have dealt with the phase 
associations of trace metals with sediments or suspended particulate 
material. These leaching schemes have been derived from existing 
techniques used by soil chemists to describe soil profiles (Chao, 1972; Chao 
and Zhou, 1983). Goldberg and Arrhenius (1958) used a 5 % EDTA 
solution to separate authigenic components from marine sediments. This 
leach utilized the complexing ability of EDTA as a partial extractant of 
loosely-bound metals. Hirst and Nicholls (1958) pioneered a procedure to 
separate sediments into two phases, which they defined as detrital and non- 
detrital. The detrital fraction is that phase transported to the deposition site 
as solid material, i.e., the lithogenous fraction, whereas the non-detrital 
fraction is derived from solution. Their method involved the separation of 
limestone sediments with cold 25 % acetic acid. This treatment is weak, 
however, in its extractive power, leaving many non-detrital phases intact 
within the sediment (Gad and LeRiche, 1966). A more extensive leaching
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method was subsequently developed by Gad and LeRiche (1966) to more 
carefully separate these sediment fractions. They used sequential 
treatments of hydrogen peroxide and acidified ammonium oxalate to destroy 
sulfides and organic matter, which release any metals associated with these 
authigenic phases. Results revealed the combination of the two extractants 
was more effective at leaching the non-detrital phases than a single acetic 
acid leach.
The application of a selective phase extraction scheme was first 
developed and utilized by Chester and Hughes (1967). Their scheme was 
designed to solubilize elements associated with ferro-manganese nodules, 
carbonate minerals or adsorbed onto particle surfaces. Dilute acids (acetic 
acid) and reducing agents (hydroxylamine hydrochloride) were tested for 
completeness of extraction and specificity of each attacked component. 
Use of EDTA was rejected because long (greater then 10-day) extraction 
periods were necessary and the complexing agent was a potential 
interferent in later analyses. Strong acids were avoided, due to the possible 
attack on lattices of clay minerals. The chosen recipe was a combined weak 
acid-reducing solution (0.02 M hydroxylamine hydrochloride + 25 % acetic 
acid). This combined leaching solution effectively dissolves all the iron and 
manganese oxides present in pelagic sediments, along with any elements 
adsorbed onto surfaces or associated with carbonates.
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
23
Presley et al. (1972) used a sequential extraction method to 
determine diagenetic changes in trace element distributions occurring in an 
anoxic basin. Three fractions, operationally defined by the selectivity of 
each extractant, were separated sequentially from Saanich Inlet sediments. 
The initial leach, 25 % (v/v) acetic acid + 0.25 M hydroxylamine 
hydrochloride, is thought to remove metals associated with carbonates, 
some sulfides, and iron and manganese oxides. A subsequent hydrogen 
peroxide leach dissolves sulfides and most of the organic matter, releasing 
associated metals. Total dissolution of the remaining residue was 
accomplished by leaching with HF-HNO3-HCIO4. A diagenetic mobilization 
of Fe, Zn, Ni, and Cu from the detrital phase to the peroxide phase was 
seen in the deep cores. This mobilization was hypothesized to be a time- 
dependent process, as the shorter, younger cores exhibited no such 
mobilization.
Almost 25 years ago Gupta and Chen (1975) evaluated the available 
methods and developed a multi-phase sequential extraction scheme for 
trace metals in sediments. This method involved an multi-step procedure 
separating the sample into eight operationally defined fractions. The 
procedure is shown below (Table 1.1):
This method allows for the separation of the non-residual, authigenic 
fraction into three sub-groups: the biogenic fraction; composed of the
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Table 1.1 Typical sequential extraction scheme (after Gupta and 
Chen, 1975).
Treatment of sediment Geochemical Phase
1 Squeezed through a 0.05 (am filter Interstitial water
2 0 2 -free distilled water Soluble solids
3 0 2 -free 1M ammonium acetate Exchangeable ions
4 1M acetic acid Carbonates
5 0.1M hydroxylamine HCI 
(pH 2 w/ H N 03)
Easily reducible (Fe/Mn 
oxides)
6 30 % H20 2 (85 C)
a) 1M ammonium acetate (pH 2)
b) 0.01 M H N 03
Organics, sulfides
7 a) Sodium dithionate-sodium citrate
b) 0.04M NH-OH2HCI + 25 % acetic 
acid
Moderately reducible (Fe 
oxides)
8 h f -h n o 3-h c l o 4 Residual, lithogenous
organic and sulfide phases, the nodular hydrogenous fraction consisting of 
reducible phases, and the non-nodular hydrogenous fraction which includes 
the cumulative soluble, exchangeable and carbonate phases. This study 
dealt rigorously with sample collection and preservation prior to analysis, a 
point emphasized further by Engler et al. (1977) in which drying, grinding,
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and contact with atmospheric oxygen were deemed undesirable for 
sediment samples, especially for anoxic sediments.
Luoma and Jenne (1976) used chemical extractions to estimate 
bioavailability of sediment-bound metals to deposit-feeding organisms. 
Bioassay studies with clams (Macoma bathica) were used and various 
chemical extractants were chosen to simulate possible digestive processes. 
Chemical extractants were found to be useful in describing the physico­
chemical form of metals in sediments, however none of those studied were 
selective in their target phases and no one adequately described the 
biological availability of the sediment -bound metal.
The most rigorously designed and most often followed sequential 
leaching protocol has been developed by Tessier and colleagues (Tessieret 
al., 1979; Rapin et al., 1986). Sediments were separated into five phases 
with various chemical extractants. The exchangeable phase, those metals 
weakly adsorbed or bound by ion exchange, was leached with 1M MgCI2 at 
pH 7. Carbonates and associated metals were dissolved with sodium 
acetate + acetic acid (pH 5). The iron and manganese oxide phase was 
leached with a combined acid-reducing solution of hot 0.04M NH2OH-HCI + 
25 % acetic acid (pH 2). Organic matter is attacked with an acidified 
hydrogen peroxide (pH 2) leach. Sulfides are also attacked by this solution. 
The remaining residue was dissolved in boiling HF-H20 2 acids. The method 
is a compilation of existing methods, optimized for use on aquatic sediments
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(Kitano and Fujiyoshi, 1980; Slavek et al., 1982; Martin et al., 1991; 
Shannon and White, 1991). Results from replicate samples, when 
compared with total analysis agreed within an error of +/- 10 %. In a 
statistical study of different extraction schemes, Van Valin and Morse (1982) 
also report similar accuracies for this method.
Precautions must be taken when analyzing and interpreting data 
obtained from these leaches (Trefry and Metz, 1984; Luoma, 1986; Martin et 
al., 1987; Nirel and Morel, 1990). Particulate phases are usually not 
homogenous and several phases have been shown to exist simultaneously 
(Donard et al., 1983; Prohic and Kniewald, 1987). This fact complicates the 
selectivity of the leaching solutions and can frequently produce either an 
under- or over estimation of a certain phase. Thus, most current studies shy 
away from utilizing elaborate multi-step phase separation techniques, and 
generally incorporate only single, operationally defined sediment component 
leaches.
Selective leaching as described above was originally considered to 
be an important component of the proposed research, because, if effective 
and reliable, it would have yielded much insight into carrier phase 
associations. However, a review of the current literature regarding 
sequential leaches underscores the uncertainty and unreproducibility of 
such methods. To alleviate the aforementioned potential and real short­
comings of a sequential leaching scheme, this study utilized a well-proven
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single extraction technique (Krishnaswami et al., 1971; Koide et al., 1972; 
Jenne et al., 1974; Bacon et al., 1976; Cochran, 1982) of warm HCI-HNO3- 
HCIO4 that that has been shown to consistently dissolve even chemically- 
resistant particulate matter. Finally, with such a simple scheme, inter­
comparisons from one study to the next are possible and useful.
1.1.7 Radionuclide Associations with Particulate Components
Most leaching studies have dealt exclusively with trace metals, mainly 
Cu, Pb, Zn, Cd, Co, and Ni in natural waters and sediments. Another 
important area where such studies can prove useful is in the environmental 
geochemistry of radionuclides. Because of the toxicity and persistence of 
many of the natural and artificial radionuclides, their fates in the aquatic 
environment are of interest.
To date, research into sediment phase associations of radionuclides 
is limited. Kolodny and Kaplan (1973) separated Sannich Inlet sediments 
into three fractions using a multi-step sequential extraction scheme to 
determine specific mechanisms of uranium enrichment. Adsorbed U(VI) and 
reduced U(IV) were removed, in an inert nitrogen atmosphere, with cold 1 M 
HCI diluted to 0.25 M in NH2 OH-HCI. H2 O 2 and UV light were utilized to 
leach organically-bound uranium and then total dissolution of the residue 
was accomplished with a warm HF-HNO3- HCLO4  Rinse. The H2 O2  fraction 
dominated in the strongly anoxic cores and the majority of U in most of the 
samples was of authigenic origin. In Lake Michigan sediments, Edginton et
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al. (1970; 1976) have shown that plutonium and americium are completely 
bound with sediment phases that are soluble in a solution of sodium citrate 
and sodium dithionite. Carpenter et al. (1981) applied a leaching scheme to 
separate natural 210Pb into organic, manganese oxide and hydrous iron 
oxide fractions. The study showed 210Pb to be associated almost entirely 
(92 %) with manganese oxides (Carpenter et al., 1984). Means et al. 
(1978a,b,c) have selectively extracted radionuclides from the soils and 
sediments of waste burial pits at Oak Ridge, Tennessee. Results from 
these studies demonstrated that the iron and manganese fractions were 
very effective removal phases of 60Co and various actinides, including 238Pu, 
241Am, and 244Cm. Complexing agents, such as EDTA, used for 
decontamination operations, and natural organics were found to mobilize 
60Co, U, and possibly Pu, Th, Cm, and Ra through complexation or chelation 
(Means et al., 1978c). Cerling and Turner (1982) and Forstner et al. (1989) 
have also demonstrated the importance of iron and manganese coatings. In 
the study by Cerling and Turner (1982), 60Co was found to associate with 
the iron and manganese fractions whereas 90Sr was bound as an 
exchangeable cation and 137Cs was strongly bound with the clay mineral 
illite. Jackson and Inch (1983) determined the geochemical partitioning of 
90Sr and found 80 % of the particulate strontium was bound in exchangeable 
sites, while the remaining 20 % was incorporated in a metal (i.e., Fe, Mn, or 
Al) oxide phase. In a recent study of uranium series disequilibrium within
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river sediments, Plater et al. (1992) reported that over 70 % of all sediment- 
bound U exists in a chemically inert residual component. In an investigation 
of the behavior of uranium on the Amazon shelf, McKee et al. (1987) utilized 
a two-step NH2OH«HCI-Na citrate and HF-HCIO4 leach to separate U into a 
reactive, ferric oxyhydroxide and a residual component. Their data suggest 
vastly different partitioning of U within these two fractions. At a distal station 
(relative to the river mouth) 80 % of U was residual while at a proximal 
station 60 % of U was bound to Fe-oxyhydroxides.
The importance of the different sediment components for specific 
radionuclides in sediments and suspended particles needs to be better 
understood. Results like those of Means et al. (1978c) demonstrate that 
differing environmental conditions; i.e. organic rich, reducing sediments, 
high biological activity, may impose differing phase associations. The ability 
of certain radionuclides to associate with different phases in varying 
environments may lead to problems in the use of radioactive elements for 
geochronological studies, chemical tracers, or any description of the 
geochemistry of the element (e.g., Ames et al., 1983a,b; Benoit and 
Hemond, 1991). Geochemical processes, such as particulate removal, 
diffusion, and biological activity, all affect the equilibrium of the natural 
radioactive decay series elements. This has allowed oceanographers many 
tools to describe oceanic processes (Broecker and Peng, 1982). From the 
previous examples, it is obvious that two isotopes can exhibit vastly different
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geochemistries, depending on their degree of association with authigenic 
and lithogenic fractions (Burton, 1975). If the removal of a particulate- 
reactive radionuclide is phase-limited, it may not be a valid geochronological 
tracer in certain environments.
1.2 GEOCHEMISTRIES OF SELECT RADIONUCLIDES
1.2.1 Uranium
The natural decay series of 238U is shown in Figure 1.1. The modes 
of transport of uranium and thorium are vastly different. While thorium is 
transported almost entirely in the detrital phase of weathered minerals, 
uranium may move in solution, as a complex ion, or in a detrital phase 
(Gascoyne, 1982). In oxic conditions, uranium is present in the hexavalent 
(+6) oxidation state, but can exist thermodynamically in the tetravalent (+4) 
state under reducing conditions. Both thorium and uranium in the +4 state 
are highly insoluble and particle reactive, however hexavalent uranium is 
very soluble, due to the formation of stable inorganic complexes (Langmuir, 
1978, Mathur, 1991). Thermodynamics predict that in oxic waters of pH 4 to
7.5 the phosphate complex [U0 2 (HP0 4 )2 ] is the major species, while at 
higher pHs a carbonate complex (e.g., U0 2 (C0 3 )3 ) is dominant (Djogic et al., 
1986). Recently there has been some evidence that suggests that U may 
exist as a peroxide form. The high solubility of uranium isotopes and 
reactivity of its daughters results in the well-known radioactive disequilibrium 
seen in the environment (14 % enrichment of 234U over 238U).
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Fig. 1.1 Chart showing the decay chain of the 238U series 
isotopes; alpha decays are shown by the vertical arrows 
and beta decays by the diagonal arrows.
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
32
Uranium is present in seawater at an average concentration of -  3.3 
jig L'1 with an activity ratio (234U/238U) of 1.14 (Ku et al., 1977; Chen et al., 
1986). In particulate matter and sediments that are roughly 1 x 106 years 
old, the ratio should approach unity. There is still considerable debate over 
the mass balance of uranium in the oceans (Barnes and Cochran, 1990; 
1993; Klinkhammer and Palmer, 1991). Sedimentary sinks for the apparent 
excess uranium supplied by rivers have in the past been proposed to 
roughly satisfy the mass balance. Potential oceanic U sinks include anoxic 
basins, organic rich sediments, phosphorites and oceanic basalts, 
metalliferous sediments and carbonate sediments (Cochran, 1982; 
Klinkhammer and Palmer, 1991).
Removal of uranium from solution can take place by various 
mechanisms. Calcareous and siliceous organisms can remove uranium. 
Brewer and Hao (1979) reported a correlation between biogenic material 
from sediment traps and uranium content, suggesting uptake by organisms 
or passive incorporation. However, bioaccumulation of uranium does not 
appear to be an important removal process in the open ocean. Particulate 
uranium can be desorbed by an increase in alkalinity or pH (Langmuir, 
1978). Thus, desorption of uranium from suspended particles during 
estuarine mixing is a likely process, and has in fact been observed on the 
Amazon shelf (McKee et al., 1987). Langmuir (1978) also reported a strong 
association between iron hydroxides and adsorbed uranium, leading to
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
33
speculation that this phase may be an important sink in the sediments 
(Lowson et al., 1986; Lienertetal., 1994).
Sediments are both sources and sinks under differing conditions. 
Uranium can be scavenged from solution into reducing sediments 
(Langmuir, 1978; Giblin et al., 1981; Cochran et al., 1986; Anderson, 1982; 
Anderson et al., 1989; Bames and Cochran, 1991; 1993). This removal may 
involve the diffusion of U(VI) from seawater into the sediment via the pore 
water. Uranium-organic matter associations have been reported in the 
marine environment. Organic uranium was found to make up to 20 % of the 
dissolved concentration in the open ocean (Hirose, 1990; Hirose and 
Sugimura, 1991; 1993). Uranium is also reportedly enriched in colloidal 
organics in estuaries (Sigleo and Helz, 1981; Mann and Wong, 1993), and in 
particulate matter organic matter in surface seawater (Anderson, 1982). 
Scott (1982) and Maeda and Windom (1982) have suggested the possibility 
that humic acids can be efficient scavengers of uranium in the low salinity 
regions of estuaries. Sedimentary organic matter has also been reported as 
an effective complexing or adsorbing agent for uranium and other 
radionuclides (Szalay, 1964; Baturin, 1968; 1973; Kolodny and Kaplan, 
1970; 1973; Mo et al., 1973; Sackett et al., 1973; Nash et al., 1981; Zielinski 
and Meier, 1988; Mann and Wong, 1993; Niven and Moore; 1993).
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1.2.2 210Pb and 210Po
The majority of published 210Pb reports address the utility of 210Pb as 
a geochronological tool rather than as an element that is involved in 
complex biogeochemical cycles. Nonetheless, some of these studies do 
provide insight into the geochemical behavior of 210Pb and 210Po. Nearly all 
of the lead in the world’s surface oceans is believed to be of anthropogenic 
origin -  derived from combustion of leaded gasoline (Schaule and 
Patterson, 1983). Even the most remote areas of the world -  the polar caps 
- show a very clear effect of lead pollution. Recent measurements of polar 
ice cores show that man’s activities have caused a 300-fold increase in Pb 
since the beginning of the industrial revolution (Ng and Patterson, 1981).
Lead-210 and polonium-210 are both important radionuclides in 
geochemical research. In broad terms, the marine cycle of 210Pb is 
characterized by supply or production of dissolved 210Pb which is then 
scavenged by solid surfaces and thus removed from the water column. 
210Pb is delivered to the water-column by three sources: atmospherically 
derived from the decay of ^ R n , from the in-situ decay of 226Ra and from 
^ R n  in the water column, and from direct leaching of rocks and soils during 
weathering (Gascoyne, 1982). Polonium-210 is a decay product of 210Pb 
and is produced mainly by this source in the water column with a small 
atmospheric source (Gascoyne, 1982). 210Pb has been used extensively as
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a tracer for particle-reactive elements and for geochronological studies of 
lake, estuarine and coastal sediments.
210Pb is rapidly removed by various processes in the water column 
and deposited onto sediments. The mechanisms for removal may be similar 
to thorium scavenging, as studies in the New York Bight indicate similar 
removal times for both 210Pb and ^ T h  (Li et al., 1981). Soil profiles have 
shown organic matter to be effective in binding 210Pb (Benninger et al., 
1975). River water is extremely depleted in dissolved 210Pb and 234228jh  
under normal conditions. In areas where pH may be low (e.g., where acid 
mines drain into water), elevated 210Pb concentrations have been reported 
(Lewis, 1977). As this acid mine water is diluted with natural waters, the 
sequential precipitation of iron oxides followed by manganese oxides 
appears to completely scavenge 210Pb and other metals onto suspended 
particles (Lewis, 1977). In the ocean, sinking particles are adsorption sites 
for 210Pb and even here iron and manganese oxides are important removal 
phases (Bacon et al., 1976; 1980; Balistrieri et al., 1981; Balistrieri and 
Murray, 1986). In anoxic environments, 210Pb may be easily removed as a 
lead sulfide precipitate (Balistrieri et al., 1995), causing this mineral 
component to be of importance in sulfide-rich sediments (see Chapter 2).
Biological activity may affect the distributions of 210Pb and appears to 
greatly influence the geochemistry of 210Po. Santschi et al. (1979) noticed 
large seasonal variations of 210Pb and 210Po in Narragansett Bay. This
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seasonal trend was ascribed to two factors: remobilization out of the 
sediments during the spring and early summer, or formation of organic 
complexes. 210Po appears to be more reactive than 210Pb, most likely a 
result of its biological interaction (Kadko, 1990). In a recent summary paper, 
Nozaki (1991) suggested that the removal of 234Th, 210Pb and 210Po from 
marine waters is accelerated by biological activity. Biological uptake of 
210Po may cause a phase transformation of polonium in the sediments, from 
that of 210Pb (Benoit and Hemond, 1987; 1990, 1991). Inorganic removal of 
210Pb has been implicated to be of primary importance in the marine 
environment (Bacon et al., 1980; Carpenter et al., 1981; Lewis, 1977). 
Hodge et al. (1979) demonstrated that Po, U and Pu have different uptake 
kinetics onto solid phases. They exposed different solid phases to seawater 
to determine if Po, U or Pu could be removed by inorganic material. Their 
results suggest that organic surface coatings may collect particles, with their 
associated elements, at differing rates. Such variable uptake rates led the 
authors to infer the particulate Pu, Po, and U may be associated with 
different particulate phases.
This summary of past research on the aqueous geochemistry of 210Pb 
and 210Po is not intended to be comprehensive (see Chapter 2 for a more 
complete review); rather it illustrates just how reactive the chemistry of such 
U-series radionuclides can be, especially across redox transition zones and 
estuarine gradients. Thus there is a clear need to understand the phase
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associations of radionuclides in sediments and suspended particles. This 
knowledge will hopefully yield an understanding of a variety of sedimentary 
interactions with a gradient of pollutants.
1.3 RESEARCH OBJECTIVES
The foremost objective of this study was to gain a better understanding 
of particulate-dissolved phase associations of naturally-derived uranium, 
polonium, lead and select trace metals in a suite of chemically-diverse 
natural waters. This was accomplished by integrating both field and 
laboratory studies that investigated the complexation and redox chemistries 
of these elements (see Summary Section, Chapter 6). A secondary 
objective was to identify and examine carrier phases for the studied 
radionuclides. This was achieved using ‘products-approach’ mixing 
experiments as well as investigating the vertical and spatial distribution of 
iron and manganese in the water column and underlying sediments at the 
chosen study sites.
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CHAPTER 2.
210PB AND 210PO, MANGANESE AND IRON CYCLING ACROSS 
THE 0 2/H2S INTERFACE OF A PERMANENTLY ANOXIC 
FJORD: FRAMVAREN, NORWAY
2.0 INTRODUCTION
Framvaren Fjord, situated just off the Skagerrak Sea in southwestern 
Norway (58° 10’ N, 06° 45’ E), is a relatively small (~ 0.4 km3), classically shaped 
fjord where a very shallow sill (~ 2  m) defines a highly stratified, stable water 
column (Skei, 1986; 1988a). The fjord is approximately 10 km long and 1 km 
wide, and the main basin is just over 180 m deep. Water balance in the fjord is 
maintained by water exchange across the 500-m long sill, which connects 
Framvaren to the adjoining Helviksfjord (Stigebrandt and Molvasr, 1988). Known 
fresh water inputs into Framvaren proper are few; spring ice/snow melt and total 
runoff only account for an input of about 1 m3  sec' 1 (Stigebrandt and Molvaer, 
1988). A well-defined redox front exists within the euphotic zone at about 20 m 
where a dense and diverse microbial/algal community persists (Ormerod, 1988; 
Sorensen, 1988). Within Framvaren bottom waters, sulfate- and sulfur reducing 
bacteria produce the highest observed aqueous H2S concentrations (up to 6  mM) 
of any typical seawater system (Anderson et al., 1988; Millero, 1991; Yao and 
Millero, 1995). The unique geochemical setting of Framvaren Fjord has attracted 
scientific studies since the 1930’s (Strom, 1936), and has more recently been the 
focus of ongoing systematic research efforts on the fate of inorganic and organic 
species across the 0 2/H2S redox front (Skei et al., 1986; McKee et al., 1988;
58
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Todd et al., 1988; Nass et al., 1988; Anderson et al., 1988; Landing and 
Westerlund, 1988; McKee and Todd, 1993; Parkman et al., 1994; Yao and 
Millero, 1995).
Fundamental changes in the water chemistry take place at the O2 /H 2S 
redox interface where a transition occurs from oxic to anoxic conditions (Stumm 
and Morgan, 1981). For example, in this region particulate Fe(HI) and Mn(III.IV) 
are reduced to their divalent states and thus solubilized as the electron activity 
(ps) is lowered (Murray, 1974; Stumm and Morgan, 1981; Jacobs et al., 1985). 
As the dominant carrier phase of many metals and radionuclides, Fe and Mn 
oxide dissolution and precipitation at the O2 /H2 S interface can therefore play an 
important role in the fate of such particle reactive elements. Furthermore, redox 
reactions involving S species in anoxic waters can form aqueous polysulfide ions 
that can efficiently complex many free metals, such as Fe(ll), which can lead to 
the formation of insoluble pyrite (principally as framboidal FeS2  in Framvaren 
Fjord; Skei, 1988b), or Pb+ 2  which can form highly insoluble galena, PbS (Stumm 
and Morgan, 1981; Luther and Church, 1988).
210Pb (fv4 = 22.3 years) and 210Po (ty2 = 138.4 days) are two naturally- 
occurring particle reactive radionuclides of the 238U decay series that have been 
widely used as marine tracers of particle/water transport and particulate 
scavenging (Bacon et al., 1976; 1980; 1988; Chung and Craig, 1983; Cochran et 
al., 1983; Todd et al., 1986; Zuo and Eisma, 1993; Wei and Murray, 1994), and 
of course, sediment accumulation (Rama et al., 1961; Koide et al., 1972; 
Nittrouer et al., 1979). Although these two nuclides are predictably close to
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secular equilibrium in the interior of the ocean (Bacon et al., 1976; 1988; 
Thompson and Turekian, 1976; Cochran et al., 1983; Chung and Fickel, 1988), 
there is considerable evidence that 210Po is more reactive in surface seawater 
than 210Pb (Turekian et al., 1974; Bacon et al., 1976; Turekian and Nozaki, 1980; 
Zuo and Eisma, 1993. The radioactive disequilibrium of 2 1 0 Po/210Pb is most likely 
the result of preferential uptake of Po by planktonic organisms and other biogenic 
particulate material (Shannon et al., 1970; Cherry et al., 1975; Kharkar et al., 
1976; Heyraud and Cherry, 1983; Fisher et al., 1983; Harada and Tsunogai, 
1988). Similarly, excess 210Po has also been observed in sulfide-rich 
groundwaters of central Florida by Harada et al. (1989), who proposed that the 
geochemistry of Po may be closely tied to the microbial S cycle in these waters. 
Moreover, such an association between 210Po and S has been proposed for 
Sammamish Lake (USA) by Balistrieri et al. (1995), and has recently also been 
examined in laboratory studies (Cherrier et al., 1995; LaRock et al., 1996).
Unfortunately, even after almost three decades of scientific study utilizing 
210Po and 210Pb in the marine environment, there are still large uncertainties in 
our understanding of the oceanic geochemistry of these two nuclides, especially 
polonium. This difficulty arises in part because Po and Pb concentrations are 
extremely low in most natural waters and much environmental data must still be 
derived from tracer-scale experiments (Suganuma and Hataye, 1981). Even 
though the speciation chemistry of Po in seawater today is still largely 
speculation (Harada et al., 1989; Benoit and Hemond, 1990), thermodynamic 
considerations (e.g., Eh-pH diagrams) predict that in well-oxygenated, pH neutral
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waters, aqueous polonium should exist predominantly as tetravalent PoOz, while 
a divalent species prevails under reducing conditions (Brookins, 1988). There is 
some evidence that an insoluble PoS precipitate may form in anoxic, slightly 
acidic environments rich in sulfide (Benoit and Hemond; 1987; Brookins, 1988). 
Furthermore, recent laboratory experiments suggest that Po may also exist as 
highly volatile, alkylated species (Hussain et al., 1995), that can be readily 
volatilized in nature or by standard field sample preparation methods, such as 
N2 -purging. This observation provides evidence in support of earlier work that 
proposed a significant excess 210Po flux from the surface ocean to the 
atmosphere (Turekian et al., 1974; Bacon and Elzerman, 1980; Heyraud and 
Cherry, 1983). The implications of Hussain’s findings in regards to much of the 
earlier work on the marine geochemistry of 210Po and 2 1 0 Pb, especially in anoxic 
basins where N2-purging is a standard procedure to remove sulfides, need to be 
evaluated.
Like polonium, Pb also belongs to a group of particle reactive elements 
that are rapidly removed from seawater (i.e., Fe, Al, Mn). Because lead most 
likely exists as a tetravalent or divalent [Pb(IV.II)] oxide in oxygenated seawater 
(Sill6 n, 1961) and is thus highly insoluble, the residence time ( t r) of 210Pb in the
ocean is usually much less than 100 years (Bacon et al., 1976; Turekian and 
Nozaki, 1980; Nozaki and Tsunogai, 1976, Cochran et al., 1983; Bacon et al., 
1988; Nozaki et al., 1991). From a study on the comparative geochemistries of 
210Pb and stable Pb across the 0 2 /H2S interface in Lake Vanda (Antarctica), 
Canfield et al. (1995) concluded that the behavior of lead was tightly coupled to
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the reduction/oxidation cycle of manganese oxides rather than iron oxides. In 
anoxic waters, divalent Pb(ll) is thermodynamically most stable and readily binds 
with sulfide to form an extremely insoluble solid phase, PbS. Once precipitated 
as galena, lead is no longer involved in the cycling of Fe and Mn and is quickly 
removed from the anoxic water column by particle coagulation and settling. The 
residence time (xr) of lead in such systems is generally on the order of days
(Bacon et al., 1980; Todd et al., 1986). Here we report on the divergent 
geochemistries of 210Po and 210Pb through the microbially rich redox transition 
zone of Framvaren Fjord.
2.1 SAMPLE COLLECTION AND ANALYTICAL METHODS
Water samples for this study were collected at Station F1 (Fig. 2.1) in 
Framvaren Fjord during August 7 - 8 , 1995. A small boat was used to deploy 
pumping equipment specifically designed to sample the finely-stratified water 
column across the redox front, while also eliminating possible oxidation and 
contamination artifacts associated with trace metal sampling in anoxic waters. A 
single Teflon hose was attached to a ship-board peristaltic pump and deployed 
together with a continuous read-out CTD system which recorded in situ 
hydrographic and light data (Sorensen, 1988). Afield-calibrated, CTD-interfaced 
transmissometer (Sea-Tech; 30-cm window) was used to record percent light 
transmission.
One 500-cm2 0.2 pm Millipak filter assembly, placed inline behind the 
pump, was used per sample; pump flow rates did not decrease significantly with 
these filters, even after pumping 30 L or more of algal/bacteria-rich water. An
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Fig. 2.1 The environmental setting of Framvaren and adjoining fjords.
Samples for this study were collected at F1 during August 
12-13, 1995. Direct fresh water inputs into Framvaren are 
minimal; lower salinity surface waters consisting of a mixture 
of Lyngdals River fresh water and ambient seawater are 
introduced to Framvaren across the sill from Helvik Fjord via 
barotropic forces.
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initial CTD/light data cast was used to characterize the precise depth of the 
O2/H 2 S interface to which the water sampling protocol was fine-tuned. At each 
depth, 10 L of water were filtered and collected into acid-cleaned polycarbonate 
evaporation containers, acidified to a pH of 1 - 2 with ultra-clean HCI and spiked 
with known amounts of a 209Po tracer spike and stable Pb (PbNCb). To avoid 
potential losses of Po or Pb by volatilization (Hussain et al., 1995), and since 
these samples were all collected in the upper 30 m of the water column where 
H2 S concentrations are still only moderately elevated, water samples were not 
purged with N2  gas. An additional aliquot (~ 200 mis) of filtered water was 
collected for ancillary metals (i.e., Fe, Mn, Sr, Ba), and pH. A field-calibrated 
combination pH electrode probe (Cole-Parmer) was used to measure pH 
immediately on all filtered waters. Particulates were leached from the Millipak 
cartridges by sonication and a series of HCIO4 , HF, HNO3  and HCI back-rinses. 
Fe and Mn were analyzed directly on a Jarrell-Ash Atomcomp 800 Series ICP 
spectrometer at Louisiana State University. Analytical precision for Mn and Fe 
was ± 3 % and ± 2.8 %, respectively.
In order to eliminate possible co-precipitation effects such as incomplete 
or preferential scavenging of Po/Pb by Fe(OH)3, as has previously been 
observed for polonium by Harada et al. (1989), samples for this study were 
instead evaporated to near dryness in a clean room at LUMCON under an array 
of heat lamps (~ 60 °C). The final sample pH was adjusted to 1 - 2 using 0.3 N 
HCI and double-distilled water. Po was then directly plated (without heat) onto 
silver planchets (~ 2 cm2) after the methods of Flynn (1968) and Fleer and Bacon
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(1984). After this initial plating, the water samples were stored for at least eight 
months, allowing 210Po to be regenerated from the decay of 2 1 0 Pb. This freshly 
produced 210Po represents the concentration of 210Pb in the sample and was 
again spontaneously deposited onto silver planchets using another known 209Po 
spike as a yield monitor. Stable lead, as a precipitate of PbCrC)^ was 
determined gravimetrically as a trace monitor for lead in several samples. As this 
evaporation technique did not require any ion exchange column work, the loss of 
dissolved and particulate 210Pb during sample processing was negligible.
Both sets of silver planchets were alpha counted for 209Po and 210Po using 
either Canberra Alpha-Quads or an EG&G PC-Octete with Si-surface barrier 
(PIPs) detectors. Both alpha systems are interfaced to an IBM-based computer 
running a Windows-based EG&G data acquisition program (Maestro 2.1). 
Individual detector counting efficiencies are approximately 25 %. Uncertainties in 
reported Po and Pb activities are based on statistical counting errors (1 a). Po 
and Pb samples were generally counted either until the integrated Po peak areas 
amassed 500 counts (i.e., disintegrations) or for 2 - 3 weeks, which-ever 
occurred first.
2.2 RESULTS
Salinity, temperature, light transmission, pH data and concentrations of 
0 2, H2 S, Fe, Mn, 210Po and 210Pb are presented in Table 2.1. While the water 
column of Framvaren extends to 183 m, this study focused only on metal/nuclide 
reactions across the O2 /H 2 S redox boundary. Thus the water column examined
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Table 2.1 Geochemical data for Station F1; August 7 - 8 ,  1995.
Depth
(m)
PH o2
(pM)8
z h 2s
(p m )8
Fe(ll)
(pM)
Mn(ll)
(pM)
Temp.
(°C)
Salinity Light Trans. 
(%)b (dpm 100L )c (dpm 100L ) c
“ ' “ P bd iss- 
(dpm 100L ) c
^ P b p a r t . ,  
(dpm 100L ) c
1.0 8.06 272.15 — 0.02 0.00 19.32 13.41 98.00 10.90 ±0.55 2.45 ±0.16 14.26 ± 0.61 2.22 ± 0.20
5.0 8.21 290.00 — 0.06 0.00 19.14 13.88 93.25 16.93 ±0.71 4.43 ± 0.24 17.74 ±0.75 3.73 ± 0.24
8.0 8.18 307.40 — 0.04 0.00 19.09 16.00 82.92 6.34 ± 0.32 2.87 ± 0.20 15.91 ±0.63 2.81 ±0.21
12.0 7.59 285.09 — 0.05 0.00 13.07 17.94 77.24 5.23 ± 0.30 1.85 ±0.10 10.02 ± 0.50 2.01 ±0.18
16.0 6.91 119.57 — 0.06 3.10 10.55 19.82 88.64 4.78 ± 0.27 2.22 ±0.16 6.23 ±0.31 5.19 ±0.31
18.0 6.81 12.05 — 0.08 6.40 10.18 20.59 85.62 5.25 ±0.31 6.45 ± 0.33 5.89 ± 0.30 6.75 ± 0.34
20.0 6.85 4.91 — 0.09 9.30 10.00 20.81 23.90 6.99 ± 0.33 6.42 ± 0.32 7.92 ± 0.46 4.28 ± 0.24
20.3 7.00 n/d — 0.29 10.20 9.97 20.83 66.36 12.07 ± 0.57 15.21 ±0.61 10.51 ±0.51 12.80 ±0.58
20.6 7.16 5.35 — 0.55 10.50 9.93 20.86 71.49 13.34 ±0.59 12.82 ±0.59 15.82 ±0.62 9.71 ± 0.54
20.9 7.40 — — 0.82 11.90 9.89 20.90 57.94 18.16 ±0.94 16.23 ± 0.68 13.67 ±0.59 6.21 ± 0.32
21.3 7.49 — — 2.23 15.20 9.83 20.92 55.77 26.94 ±1.36 71.78 ±2.45 20.81 ±1.04 18.34 ± 0.94
21.5 7.18 — 38.00 0.93 14.80 9.88 20.90 57.87 14.21 ± 0.60 27.41 ± 1.45 4.21 ± 0.24 8.23 ± 0.47
22.4 7.19 — — 0.67 12.50 9.76 20.93 78.67 11.16 ± 0.55 10.54 ±0.54 2.89 ±0.18 5.27 ± 0.30
23.0 7.13 — 117.00 0.61 12.20 9.73 20.96 89.16 6.32 ± 0.33 6.61 ± 0.33 1.54 ±0.13 2.95 ±0.19
24.0 7.14 — — 0.58 11.80 9.68 21.01 94.33 4.45 ± 0.25 6.34 ± 0.32 1.04 ±0.09 2.75 ±0.18
27.0 7.05 — — 0.42 11.30 9.51 21.12 95.00 3.18 ±0.17 4.26 ± 0.24 1.21 ±0.11 3.39 ± 0.22
30.0 6.90 — — 0.28 8.30 9.23 21.29 96.00 2.26 ±0.16 3.42 ±0.19 2.23 ± 0.21 2.92 ± 0.21
a Samples analyzed at NIVA; 
b Transmissometer calibrated to surface water; 
c Standard deviation based on propagated counting errors (± 1a) only; 
No data;
(For a complete 0 2 , IH 2 S profile, see Yao and Millero, 1995).
O)
05
67
here is limited to the top 30 meters and is situated well within the photic zone. 
Within this ‘abridged’ water column, a well-defined O2/H2 S interface separates 
oxic from anoxic waters.
2.2.1 Hydrography
During this late summer (August, 1995) sampling initiative, the Framvaren 
Fjord surface water column (down to 30 m) was represented by two distinct water 
masses that are separated by a well-developed thermocline at ~ 10 m (Fig. 2.2). 
There was no apparent temperature inflection at ~ 15 m, as has been frequently 
observed in previous studies (Yao and Millero, 1995). Temperature was highest 
and also reasonably constant (~ 18 - 19 °C) in the upper-most water column. 
This mixed surface layer extended down to 8  meters, beyond which temperature 
decreased rapidly to ~ 9 °C at 30 m. The salinity profile was almost a mirror 
image of water column temperature. There was a pronounced increase in 
salinity from 1 4 - 2 0  across the thermocline. Neither salinity nor temperature 
indicated significant change across the O2/H 2 S boundary. Salinity increased only 
very slightly (20.81 - 21.29) from 20 m to 30 m. Light transmission (Fig. 2.2) 
approached 100 percent within surface waters and again at depth (30 m). 
However, there was a sharp light minimum (< 25 %) at 20.0 m which was 
followed by a slightly weaker second minimum (~ 55 %) at 21.3 m. These two 
minima represent peak intensities in microorganism biomass. Purple (i.e., 
Chromatium spp.) and green/brown (i.e., Chlorobium spp.) anoxygenic 
phototrophic bacteria have been reported to occur in dense populations across 
the redox front in Framvaren Fjord (Sorensen, 1988; Parkman et al., 1995).
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Fig. 2.2 Water column depth (0 - 30 m) profiles of temperature, 
percent light transmission and salinity at Station F1, August, 
1995. The shaded band represents an area surrounding the 
O2 /H 2 S interface wherein microbes flourish.
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Figure 2.3a shows the vertical profile of dissolved 0 2  and IH 2 S. The top 
12 m of Framvaren were well oxygenated (dissolved 0 2  > 272 pM), and in this 
region a slight dissolved 0 2  maximum (307 pM) existed at 8  m. Below 8  m the 
dissolved 0 2  concentration decreased sharply until the oxic/anoxic interface at
20.4 m. EH2S concentrations increased rapidly below 21.5 m and attained 
values of 117 pM at 23 m (for comparison, in the deep Black Sea EH2S 
concentrations generally peak at about 300 pM, Haraldsson and Westerlund, 
1988). The distribution of pH was highly variable in the top 30 m of the water 
column and generally showed its dependence on biological cycles such as 
photosynthesis, respiration and other organic carbon decomposition processes 
(Stumm and Morgan, 1981). Across the thermocline, pH decreased from about 
8.00 to 6.81 (Fig. 2.3a); however, below this minima pH increased sharply to 7.49 
in the center of the redox zone (21.3 m).
2.2.2 Dissolved Manganese and Iron
Water column profiles of dissolved (< 0.2 pm) Mn and Fe are shown in 
Figure 2.3b. Dissolved manganese is undetectable in the surface water column 
down to 12 m but increased gradually in the AMR region (aerobic manganese 
reduction; Canfield et al., 1995) to its maximum value of 15.20 pM at 21.3 m. 
Below this sharp peak, dissolved Mn decreased to -  8  pM at 30 m. Dissolved 
iron generally followed the behavior of Mn through the water column. A notable 
exception to this trend was that dissolved iron did not accumulate in the AMR 
zone. While there was little dissolved Fe in the upper 20 m, Fe showed a
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Fig. 2.3 (a) Vertical profiles of dissolved O 2 , H2 S and pH. The
O 2 /H 2 S interface is represented in this and subsequent 
figures by the dashed line, (b) Dissolved Mn(ll) and Fe(ll); 
AMR denotes a region of aerobic Mn reduction (Canfield et 
al., 1995), just above the O2 /H 2 S interface.
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pronounced peak of 2.23 pM at 21.3 m. The dissolved Fe concentration quickly 
decreased below this maximum to 0.28 pM at 30 m.
2.2.3 Dissolved and Particulate 210Pb
Figure 2.4 presents dissolved and particulate 210Pb profiles across the 
O2/H 2 S interface. The activity of dissolved 210Pb revealed two sub-surface 
maxima: one in the surface waters (5 m: 17.74 ± 0.75 dpm L‘1) and the other at 
the redox front (21.3 m: 20.81 ± 1.04 dpm 100 L'1). The vertical dissolved 210Pb 
profile also indicated two minima: the first was observed just above the O2/H 2S 
interface (18 m: 5.89 ± 0.30 dpm 100 L'1) and the second minima occurred below 
the redox boundary (23 - 30 m) in the anoxic waters (1.51 ± 0.14 dpm 100 L‘1).
In the upper 20 m, the vertical profile of particulate 210Pb resembled an 
approximate mirror image of the dissolved 210Pb distribution. Surface waters (1 -  
12 m) were slightly lower in mean particulate 210Pb (2.69 dpm ± 0.77 100 L‘1) 
than anoxic waters (23 - 30 m: 3.00 ± 0.27 dpm 100 L'1). As for dissolved 210Pb, 
the greatest activities of particulate 210Pb occurred precisely at the 0 2/H2S 
interface. At 21.3 m the activity of the particulate 210Pb maximum was 18.34 ± 
0.94 dpm 100 L'1 which quickly decreased by as much as 70 % in less than 0.5 
m.
2.2.4 Dissolved and Particulate 210Po
Water column profiles of dissolved and particulate 210Po are presented in 
Fig. 2.5. The dissolved 210Po activity ranged from a minimum of 2.26 ±0.16 dpm 
100 L‘1 at 30 m to a maximum of almost 27 ± 1.36 dpm 100 L'1 at 21.3 m. 
Dissolved 210Po activities were highly enriched at the O2 /H 2 S interface, and within
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about 1 m from this maximum the activity of 210Po decreased four-fold. The 
mean activity of dissolved Po in the surface waters (1 -1 2  m) was considerably 
enriched (9.85 ± 5.32 dpm 100 L'1) relative to 210Po activities (4.05 ± 1.76 dpm 
100 L'1) in the anoxic waters (23 - 30 m).
In general, the particulate 210Po profile is similar to that of dissolved 210Po. 
Within the redox front at 21.3 m, particulate 210Po was extremely enriched (x 30), 
relative to surface or 30 m particulate 210Po activities. This peak activity (71.78 ± 
2.45 dpm 100 L'1) represents one of the highest particulate 210Po values 
observed in seawater (Bacon et al., 1977; Bacon et al., 1980; Zuo and Eisma, 
1993; Wei and Murray, 1994). The very sharp particulate 210Po profile is an 
example of how finely the water mass is layered or structured within the O2 /H 2 S 
interface. Within less than half a meter from the particulate 210Po peak, the 
activity decreased by 40 - 50 %. In the anoxic waters (23 - 30 m), the mean 
activity of particulate 210Po was slightly enriched (5.16 ± 1.56 dpm 100 L'1), as 
compared to surface water (1 -1 2  m) values (2.90 ± 1.10 dpm 100 L'1).
2.3 DISCUSSION
2.3.1 Hydrography of Framvaren Fjord
The water column hydrography of Framvaren Fjord has been previously 
described (Skei, 1986; 1988a; Stigebrandt and Molvaer, 1988); temperature 
records date back to 1931 (Strom, 1936). Surface water temperature can 
fluctuate considerably (AT = ~ 16 °C; Skei, 1988a), depending on time of year 
and length/severity of the winter season. During May or June, a 4 - 5 °C positive 
temperature inflection may develop at a depth of 10 - 15 m. This is thought to be
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the result of horizontal transport of warmer Helviksfjord surface water. The 
spatial extent of this temperature anomaly is likely controlled by barotropic water 
exchange between the two fjords (Fig. 2.1) (Stigebrandt and Molvasr, 1988). In 
August 1995 the temperature profile did not reveal any such inflection. Instead, 
the water column appeared well mixed to 8 m, after which the temperature 
decreased rapidly through the thermocline down to ~ 16 m. Below 16 m, the rate 
of temperature decrease slowed considerably, reaching a value of around 9 °C at 
30 m in the anoxic zone. This temperature profile suggests a two compartment 
water column where warm surface waters mix with colder, suboxic/anoxic waters. 
The salinity distribution also suggests mixing of two distinct water masses. 
Lateral transport of low salinity, warm Helviksfjord surface waters was not 
observed at F1 during this sampling period. A temperature-salinity plot (Fig. 2.6) 
for the upper water column (0 - 30 m) further confirms the layering and 
subsequent mixing of two distinct water parcels. In contrast, below the O2 /H 2 S 
interface salinity and temperature are closely coupled and define a more stable, 
older water mass. Within this more homogenous, bio-limiting water mass, the 
chemical mobility of dissolved species must be controlled largely by molecular 
diffusion.
The upper 12 m of Framvaren Fjord’s water column was fully aerobic, and 
dissolved O2  levels consistently exceeded saturation levels (265 pM; Seabird, 
INC). Such elevated dissolved oxygen is likely due to high rates of algal 
photosynthesis. Below the slight sub-surface maximum at 8 m, the concentration
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of dissolved 0 2 rapidly decreased and became undetectable below 20.6 m. 
Significant concentrations of IH 2S were first observed at a depth of 21.5 m, and 
are expected to continue to increase throughout the entire water column (Yao 
and Millero, 1995). Indeed, the £H2S content within Framvaren bottom waters 
has been measured previously (Landing and Westerlund, 1988; Millero, 1991), 
and values in the ~ 6 mM range appear to be among the highest of any euxinic 
body of seawater. The 0 2/H2S interface has remained at a depth of about 20 m 
(±1 m) for the last ~ 50 years, when an unusual inflow of high density Helviksfjord 
water (winter, 1942) caused an upward shift of the oxic/anoxic interface into 
surface waters (Skei, 1988).
Water-borne particles in Framvaren waters are largely of biological origin, 
and the POC content ( 1 0 - 7 7  %; Naes et al., 1988) of settling particles bears a 
close covariance with suspended particulate matter (SPM) (Swarzenski et al., 
unpublished data). Transmissometer data reported here are therefore a 
reasonable proxy for biomass. Water column light data (Fig. 2.2) indicated a 
slight decrease in percent light transmission from surface waters down to 12 m. 
The likely presence of phytoplankton and zooplankton as well as bacteria within 
these waters contributes to the limited light transmission. However, in the 
uppermost water column of Framvaren, phytoplankton production is generally 
thought to be low (Sorensen, 1988) and limited by depleted nutrient levels (Yao 
and Millero, 1995). The downward penetration of light and the gradual build up 
of nutrients in waters just above the oxic/anoxic interface are favorable conditions 
for increased phytoplankton and bacterial production. Below a depth of 18 m,
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percent light transmission was strongly diminished and attained a sharp minimum 
at 20.0 m. Sorensen (1988) and Ormerod (1988) have shown that extremely 
dense communities of phototrophic bacteria such as Chromatium spp. and 
Chlorobium spp. and other algal species persist around this depth. In support of 
these observations, 25 mm glass fiber filters loaded with particulate matter from 
each depth reveal a strong color gradient (Swarzenski, unpublished data) which 
clearly show distinct biomass maxima of both purple and brown/green bacteria. 
From these filter observations, purple bacteria (e.g., Chromatium spp.) were 
most abundant at a depth of 20.6 m while brown/green bacteria (e.g., Chlorobium 
spp.) appeared most prevalent at 21.5 m. Such trends in fine-scale layering of 
these two phototrophs have been previously reported across O2 /H2S interfaces of 
other systems (Jorgensen, 1982; van Gemerden and Beeftink, 1983). For 
example, in the seasonally stratified Lake Ciso (Spain), van Gemerden et al. 
(1985) and Guerrero et al. (1985) studied the diel migration and vertical 
distribution of several abundant sulfur bacteria.
2.3.2 Distributions of Dissolved Fe and Mn
For simplicity, in the following discussion dissolved (< 0.2 pm) Mn and Fe 
will be denoted by their thermodynamically most favored oxidation state, e.g., 
Mn(ll) and Fe(ll). Thus, traditionally what passes through a filter is equivalent to 
‘reduced’ Mn(ll) or Fe(ll), and conversely, the filter-retained fraction is thought to 
be composed mainly of ‘oxidized’ Fe(lll) or Mn(IV). Nonetheless, a Mn(lll) 
intermediate has long been postulated to occur in marine and freshwater 
sediments (Mann and Quastel, 1946). Recent work on Mn(lll) suggests that this
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species may be both a strong oxidant or reductant in marine and freshwater 
environments, and may also be closely coupled to the diagenetic cycling of 
sulfur, carbon and nitrogen (Burdige, 1993; Canfield et al., 1993; Luther et al., 
1994; Kostka et al., 1995).
Significant Mn(ll) concentrations within Framvaren Fjord waters began to 
increase sharply only below 12 m (Fig. 2.3b). These waters were still fully 
aerobic at that depth, and therefore manganese reduction in this zone must be
an aerobic process. The reduction of nitrate (i.e., N O '1 - N O '1 couple) should 
occur at about the same electron activity (pe°(W) ~ 7) where Mn02 is reduced 
(Stumm and Morgan, 1981). It is thought that either this nitrate-nitrite couple or 
the breakdown of organic matter (e.g., humics) may catalyze the reduction of Mn 
oxides in these waters. The highly organic nature of the water column in this 
fjord (Swarzenski et al., 1997) suggests that the breakdown of humic acids may 
be critical in the early redox cycling of manganese. Enriched Mn(ll) profiles just 
above the 0 2/H2S interface have been previously observed in Framvaren (Yao 
and Millero, 1995) and other anoxic basins, e.g., Saanich Inlet (Tebo et al., 
1984). Canfield et al. (1995) also reported such enriched Mn(ll) levels just above 
the oxic/anoxic interface of Lake Vanda (Antarctica) and argue for the occurrence 
of this dissolved Mn phenomenon above the 0 2/H2S interface of many lake and 
seawater systems.
Mn(ll) accumulated rapidly to ~ 10 pM in the AMR zone from a depth of 12 
m down to about 20 m. Using an average Eh value for waters within the AMR 
zone of 380 mV (Parkman et al., 1994) and measured pH values (Fig. 2.3a),
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Framvaren waters can be superimposed on a Eh-pH diagram (Brookins, 1988). 
Consistent with the steady increase in observed dissolved Mn concentrations, 
waters in the AMR region of Framvaren Fjord fall entirely within the stability field 
of Mn(ll). Dissolved manganese attained a maximum concentration of 15.20 pM 
at a depth of 21.3 m and decreased sharply below this peak. It is likely that the 
decrease in Mn(ll) below the O2 /H 2 S interface involves the formation of a pure 
solid (i.e., precipitation senso stricto with either sulfide and Mn-carbonate 
species) or that of a solid solution (i.e., co-precipitation of Mn(II) on FeS or 
FeC03) (Stumm and Morgan, 1981; Jacobs and Emerson, 1982).
Unlike dissolved Mn, Fe(ll) concentrations were not elevated in the AMR 
zone of the water column. Instead, dissolved Fe levels remained consistently 
below 0.1 pM within the entire upper water column (to ~ 20 m). In the narrow 
region of water just below 20 m, where dissolved O2  concentrations approached 
zero and SH2 S levels still remained undetectable, dissolved Fe levels increased 
abruptly. A very sharp Fe(ll) maximum (2.23 pM) occurred at a depth of 21.3 m, 
and is thus situated just decimeters below the O2 /H2 S interface. Therefore, 
reductive dissolution of Fe- as well as Mn-oxides by sulfide (or polysulfide 
intermediates) likely explains the two observed maxima just below the 0 2/H2S 
interface at 21.3 m (Yao and Millero, 1995). The rapid decrease in Fe(ll) below
21.3 m suggests the formation of an iron sulfide precipitate. Indeed, pyrite has 
been observed in the entire anoxic water column of Framvaren Fjord (Skei, 
1988b). Thermodynamic considerations suggest that the solution chemistry of 
Fe(ll) proceed through the following sequence, depending on increasing sulfide
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concentrations: Fe(ll) => FeS° => FeHS2  => Fe(HS>3 (Landing and Westerlund, 
1988).
2.3.3 210Po and 210Pb Distributions across O2 /H 2 S Boundaries
To investigate water column mixing phenomena within redox 
environments, the aqueous geochemistry of 210Po and 210Pb has been examined 
in many of the world’s well known anoxic marine basins (Bacon et al., 1980; 
Todd et al., 1986; Wei and Murray, 1994) as well as some stratified freshwater 
lakes (Talbot and Andren, 1984; Benoit and Hemond, 1987; 1990; Balistrieri et 
al., 1995). From these studies, the following scenario has been developed to 
explain the general behavior of 210Po and 210Pb across the O2 /H2 S interface. In 
surface waters, dissolved 210Pb and 210Po are rapidly scavenged by iron and 
manganese oxides and biogenic particulates (e.g., plankton, microbes) that are 
then transported downward in the water column by particle settling. This sorption 
step is thought to be very fast (~ hours) and not particle limiting in most 
environments (McKee, 1986). Indeed, there is much evidence which suggests 
that 210Po, even more so than 210Pb, is closely tied to the water column cycling of 
phytoplankton and zooplankton (Shannon et al., 1970; Cherry et al., 1975, 1974; 
Kharkar et al., 1976; Heyraud and Cherry, 1979, 1983; Fisher et al., 1983; 
Nozaki et al., 1976, 1991). Such a strong biological link offers a mechanism for 
both surface water 210Po depletion (i.e., scavenging) and also rapid removal (i.e., 
particle coagulation, settling) from these surface waters to the redox interface. 
Where the vertical density gradient is greatest (i.e., at the pycnocline), particulate 
210Po and 210Pb should show some enrichment relative to mid-depth water
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column values (Todd et al., 1986). In the region above the redox interface where 
Mn02 begins aerobic reduction and dissolution (the AMR zone), Mn02-bound 
210Po and 210Pb also become solubilized (Canfield et al., 1995). In contrast, 
FeOOH-bound 210Po or 210Pb would not be released to solution in this region, as 
Fe does not appear to undergo reduction and dissolution until the 0 2/H2S 
interface depth. The newly-released dissolved 210Po and 210Pb can then diffuse 
either upward in the water column towards the upper AMR boundary (depth 
where dissolved Mn first becomes detectable), or they can also diffuse into 
anoxic waters where 210Pb and 210Po can be permanently removed from the 
water column by rapid sulfide (co)-precipitation (Bacon et al., 1980). Within the 
AMR zone, the upward diffusing 210Po and 210Pb can be re-scavenged by freshly 
formed Mn oxides, which can further contribute to the particulate enrichment in 
this layer. This idealized model of 210Po and 210Pb behavior across an 0 2/H2S 
interface was first proposed by Bacon et al. (1980) who studied the geochemistry 
of 210Po and 210Pb in the Cariaco Trench (Venezuela). Since then this model has 
been utilized successfully to describe the fate of many redox-sensitive, particle 
reactive species within oxic/anoxic systems (Todd et al., 1986; Lewis and 
Landing, 1992; Wei and Murray, 1994; Balistrieri et al., 1995; Canfield et al., 
1995).
In Framvaren Fjord, the water column profiles of 210Po and 210Pb are 
heavily influenced not only by the cycling of Fe/Mn oxides, but also by the 
presence of abundant phototrophic sulfur bacteria at the 0 2/H2S interface (see 
below).
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2.3.3.1 210Pb
The distribution between dissolved and particulate 210Pb in Framvaren 
Fjord indicates that within surface waters down to the lower extent of the suboxic 
zone (20.6 m) 210Pb existed predominantly in a dissolved phase (Fig. 2.4). A 
phase transformation at the O2 /H2S interface redistributed this radionuclide such 
that most of 210Pb below the redox front was in particulate form. A similar phase 
shift within oxic/anoxic waters had previously been observed in the Cariaco 
Trench (Bacon et ai., 1980), the Black Sea (Wei and Murray, 1994) and Lake 
Vanda, (Canfield et al., 1995). Figure 2.7 shows the ratio of particulate:total 
210Pb in the top 30 m of Framvaren. There appears to be a two step increase in 
this ratio with depth, which illustrates the shift from dissolved 210Pb in the surface 
waters to particulate 210Pb at depth. The four uppermost samples (0 - 12 m) 
exhibit a reasonably constant ratio, which is unique to that of the remaining 
samples. The overall pattern in the particulate:total 210Pb ratio suggests a 
composite of various source/removal processes. Input (atmospheric deposition, 
fluvial runoff and in situ production) and removal (decay, loss to the seabed, 
lateral transport to the fjord walls) functions as well as water column 
dissolved.particulate transformations thus control the overall distribution of 210Pb.
In an open ocean water column, atmospheric deposition and fluvial inputs 
of 210Pb are usually much less than what is produced by the in situ decay of 
226Ra. There are notable exceptions to this such as the East China and 
Philippine Seas (Nozaki et al., 1991) where atmospheric 210Pb deposition 
approaches a global maximum of about 2 dpm cm'2 yr'1 (Turekian et al., 1977)
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and 210Pb is able to penetrate to great depths (~ 600 - 800 m). Similarly, fluvial 
inputs can usually be discounted as a major source of 210Pb in the ocean as 
210Pb is quickly scavenged within estuarine surface waters and subsequently lost 
to shelf sediments (Benninger et al 1975; Schell, 1977; Bacon et al., 1988; 
Berger and Eisma, 1988; Zuo and Eisma, 1993). In contrast, atmospheric and 
riverine source functions for 210Pb can become more important than in situ 
production in lakes (Talbot and Andren, 1984; Benoit and Hemond, 1987; 
Balistrieri et al., 1995). For example, in the oligotrophic Crystal Lake (USA), 
most of the dissolved 210Po was derived from in situ decay of 210Pb within the 
water column (Tabot and Andren, 1984). Conversely, atmospheric deposition 
contributed up to 95 % of the dissolved 210Po inventory in Lake Sammamish 
(USA) (Balistrieri et al., 1995), while a riverine source supplied the majority of 
210Po in Bickford Pond (USA) (Benoit and Hemond, 1987). At least in terms of 
volume and area, Framvaren Fjord more closely resembles a freshwater lake 
than an oceanic body of water, and thus each of the above source functions must 
be examined to adequately assess mass balance considerations.
An atmospheric flux of 210Pb into Framvaren can be estimated as follows. 
In a study on the distribution of 210Pb and 210Po in the North Sea (latitude and 
longitude similar to Framvaren), Spencer et al. (1980) assumed an atmospheric 
210Pb precipitation rate of ~ 0.3 dpm cm'2 yr'1; this represents a lower-end global 
value as modeled in Turekian et al. (1977). This value also coincides quite well 
with a long term (2 yr) 210Pb atmospheric deposition rate (0.43 dpm cm'2 yr'1) 
obtained recently for northern Holland (Zuo et al., in Press). Using the
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
86
atmospheric deposition rate of Spencer et al. (1980) and assuming that the 
surface area of Framvaren Fjord is 5.8 km2 (Skei, 1988), an estimate of the total 
atmospheric 210Pb flux delivered to the sea surface is therefore about 2 x 1010 
dpm yr'1 (the use of such a low atmospheric deposition rate can be further 
justified by taking into account that Framvaren Fjord does periodically freeze over 
during the winter months). There are no major rivers that empty into Framvaren 
directly and the combined freshwater supply (including ice/snow melt) is 
approximately 1 m3 sec'1 (Skei, 1988). If we assume that an 210Pb activity within 
this runoff to be about 5 dpm 100 L'1 (the dissolved 210Pb activity of neighboring 
Lyngdals River is 6.56 dpm 100 L'1; Swarzenski, unpublished data), and that little 
of this input is lost to near shore sediments due to the bathymetry of Framvaren, 
then a fluvial source term can be calculated to be 2 x 109 dpm yr'1. Finally, 210Pb 
is produced continuously in the water column via the decay of its relatively long- 
lived precursor 226Ra. A first order assessment of this in situ production rate can 
be made using an averaged 226Ra activity ( - 1 5  dpm 100 L'1) from the top 30 m; 
^ R a  data from Moore (1997). While these ^ R a  data are from a previous cruise 
to Framvaren (summer, 1993), the fact that they are quite similar to 226Ra 
activities collected in 1981 (Todd et al., 1988) suggests that it is reasonable to 
use such an averaged 226Ra value to derive a in situ 210Pb production rate. Thus, 
a mean in situ 210Pb production term can be simply calculated for the 0 - 30 m 
water column by using the above mentioned averaged ^ R a  activity and the 
decay constant (X) for 210Pb to yield a production rate of 8 x 108 dpm yr'1. There 
is the possibility that some 210Pb and thus 210Po can be generated from the deep
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water column ^ R a  inventory. While the vertical ^ R a  profile indicates upward 
migration of this nuclide, the rate of diffusion appears to be quite slow (Dunkle- 
Shapiro et al., In Press: Moore (Submitted)) and, thus, this additional input of 
210Pb and 210Po is likely insignificant to the mass balance of Po and Pb in the 
upper 30 m of water. The calculated 210Pb input rates presented here are first- 
order estimates and require additional quantification. However, it is clear that in 
a small, highly confined marine system such as Framvaren Fjord, the supply rate 
of 210Pb cannot be balanced by looking only at the in situ (via ^ R a  decay) 
production term. Indeed, these preliminary calculations suggest that the 
atmospheric input of 210Pb to Framvaren far exceeds either a terrestrial source or 
in situ production.
In the lower (18 - 20.6 m) AMR zone, Mn(ll) concentrations increased with 
depth and in these waters dissolved 210Pb activities also began to increase. 
Such a positive covariance likely indicates that as M n02 is reduced and 
solubilized to Mn(ll), 210Pb is also released into solution. This liberation of 210Pb 
in the AMR zone has also been shown to occur in other O2/H2 S interface 
environments such as in Lake Vanda (Canfield et al., 1995). At a depth of 21.3 
m dissolved 210Pb accumulates to its maximum value (20.81 dpm 100 L'1 ± 1.04). 
The fact that both dissolved Mn and Fe peak at precisely the same depth 
suggests that other processes rather than pure equilibrium redox chemistry must 
control the distribution of these metals. As mentioned previously, an extremely 
dense community of anaerobic phototrophic microbes (e.g., Chlorobium spp., 
Chromatium spp.) persist in the waters surrounding the O2 /H2 S interface
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(Sorensen, 1988). The active or passive involvement of metals such as 210Pb in 
the life cycle of these micro-organisms is inevitable, and can of course be a 
controlling factor in the behavior of many particle reactive metals (Ehrlich, 1990). 
However, it is not easy to explain why dissolved 210Pb is so highly enriched right 
at the redox front where most aqueous biogeochemical reactions take place 
within a very short spatial and temporal extent. Furthermore, if dissolved 210Pb is 
so quickly removed from a water column by both inorganic and organic surfaces, 
should the 210Pb profile not show depletion across the biomass-rich redox 
interface? An answer to this must involve energetic, reversible 
dissolvediparticlate phase transformations that are microbially as well as 
physico-chemically mediated.
In aquatic chemistry, pH is arguably the single most important variable 
influencing reaction kinetics and processes (Stumm and Morgan, 1981). In the 
upper water column of Framvaren, the vertical profile of pH reflects its effective 
dependence on biological cycles. The finely structured variability in water 
column pH (Fig. 2.3a), especially at the 0 2/H2S interface confirms the dynamic 
nature of upper 30 m of the water column. The observed sharp spike in pH 
within the 0 2/H2S interface is likely the result of organic matter decomposition 
and can affect the solubility of iron and manganese oxides as well as 210Po and 
210Pb. Particulate 210Pb also shows a pronounced maximum at the same depth 
(21.3 m) where both dissolved Mn(ll) and Fe(ll) peak. In these waters, we 
suggest that the particulate material, which almost exclusively consists of 
biogenic matter (i.e., phototrophic bacteria), efficiently scavenge dissolved 210Pb
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from the surrounding water column. Elevated dissolved 210Pb activities at this 
same depth must result from a phase transformation of particulate 210Pb to 
dissolved 210Pb. Through molecular diffusion or biologically mediated 
transportation, this newly formed 210Pb can then be mobilized in the water 
column away from its source. This phase transfer or repartitioning may also be
closely linked to the life cycle of these SO I2-reducing or sulfide-oxidizing 
microorganisms, and this process can be either enzymatic or passive (Ehrlich, 
1990).
Below the 0 2/H2S interface, dissolved and particulate 210Pb activities 
decreased substantially from their maxima, although particulate 210Pb in these 
waters still remain slightly higher than surface water activities. The 
particulate:total 210Pb ratio (> 70 %) at these depths also indicate the 
predominance of particle-bound 210Pb (Fig. 2.7). Such trends in 210Pb behavior 
within anoxic, sulfidic waters suggest the formation and precipitation of 210PbS 
and / or co-precipitation with FeS species (Wei and Murray, 1994; Balistrieri et 
al., 1995; Canfield etal., 1995).
2.3.3.2 210Po
Polonium-210 is also a highly particle reactive radionuclide whose 
geochemical signature in many ways resembles that of 210Pb. This is one 
principal assumption (in addition to secular equilibrium) for using 210Po as a 
surrogate for 210Pb in geochronological dating on time scales of about 100 years 
(cf. Koide et al., 1972). However, there are some very important geochemical 
differences between these two elements which have made the utility of the 210Po
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- 210Pb couple as oceanic tracers unique and indispensable. For example, 
Shannon et al. (1970) and Kharkar et al. (1976) were among the first to 
determine that Po had a much higher affinity for oceanic zooplankton than lead 
or even thorium. In a study on how various radionuclides are sorbed by 
organics, Fisher et al. (1983) made the distinction that 210Po was absorbed into 
the cell interior, while 210Pb sorption was a purely extracellular reaction. There is 
some evidence that suggests that in seawater, 210Po may show a positive 
covariance with nutrient-type elements (Kadko, 1993) or even particulate organic 
carbon (McKee, 1986).
In addition to these studies that provide evidence for a strong biological 
component in the geochemistry of 210Po, there are recent reports that compare 
the organic geochemistry (e.g., biomethylation reactions) of sulfur to 210Po 
(Harada et al., 1989; Balistrieri et al., 1995; Cherrier et al., 1995; Hussain et al., 
1995) and other group VIB elements such as Se (Amouroux and Donard, 1997) 
and Te. As previously mentioned, Hussain et al. (1995) investigated a naturally- 
occurring alkylated polonium species, di-methyl polonide; [(CH3 )2 Po]), that can 
be quite susceptible to volatilization. If such Po species do exist naturally in 
marine waters, maybe as a direct product of microbial biomethylation, then the 
release of 210Po from the sea surface (i.e., microlayer) to the atmosphere, as 
envisioned by Turekian et al. (1977), may need to be reevaluated.
Except in the surface waters of Framvaren Fjord, the vertical distribution of 
dissolved and particulate 210Po appears to be closely tied to the behavior of 
210Pb. From a depth of 1 m down to 5 m, the dissolved 210Po activity increased
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over 50 % while 210Pb increased only slightly (~ 20 %). If indeed a di-methyl 
polonide species is present in Framvaren surface waters, loss of polonium in the 
uppermost water column due to volatilization across the sea-air interface might 
explain the lower 210Po activity found at 1 m depth. Below the 5 m maxima, 210Po 
activities dramatically dropped to about 5 dpm 100 L*1 and began to increase 
only in the lower region of the AMR zone. Again, as with 210Pb, the cycling of Po 
across the redox interface appears to be closely linked to redox chemistry of Mn 
or Fe and the life cycle of purple and brown/green anoxygenic phototrophic 
microorganisms. While it has been possible to vertically distinguish Mn and Fe 
cycling across other seawater redox boundaries (Canfield et al., 1995), the finely 
structured, microbially-rich O2/H2S interface in Framvaren Fjord does not allow 
for the vertical decoupling of Mn and Fe oxidation/reduction cycles.
Figure 2.8 shows a gradual increase (~ 20 to 60 %) in the ratio of 
particulateitotal 210Po with depth; deviations from this trend are most pronounced 
at the O2/H 2 S interface. However, from previous work on 210Pb and 210Po in the 
ocean’s interior, the ratio of particulate to total 210Pb can become very small (< 
0.05) as particles become limiting and mixing processes slow down (Bacon et al 
1976; Chung and Craig, 1983). In Framvaren, such a vertical phase re­
distribution of dissolved to particulate 210Po with depth suggests that 1) 210Po is 
introduced into the upper water column predominantly as a dissolved species 
(i.e., fluvial/atmospheric source), 2) the rate of 210Po scavenging onto particle 
surfaces in the upper water column can not keep up with the supply rate and 
must be faster than for 210Pb, 3) the steady increase in the partitioning of
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particulate to total 210Po with depth, even across the particle-rich O2/H2S 
interface, suggests that the polonium behavior is determined more by adsorption 
or scavenging by particles, rather than by particle removal alone. In contrast, 
within the sulfidic waters, the abundance of particulate - relative to dissolved - 
210Po likely indicates the formation of a precipitate, either directly by S'2 or as a 
co-precipitate with, for example, FeS or MnC0 3 . Analogous to lead behavior, 
removal of Po from the water column by such a precipitate has been previously 
suggested in other anoxic systems (Wei and Murray, 1994; Balistrieri et al., 1995; 
Canfield et al., 1995).
2.3.4 Disequilibrium of 210Po and 210Pb
Radioactive disequilibrium between 210Pb and its granddaughter 210Po has 
been used successfully to derive estimates for scavenging and particle removal 
rates within oceanic waters (e.g., Bacon etal., 1976; Spencer et al., 1980; Bacon 
et al., 1980; Cochran et al., 1983; Todd et al., 1986; Bacon et al., 1988; Nozaki et 
al., 1991; Wei and Murray, 1994; Zuo and Eisma, 1993). An activity ratio (AR = 
210Po/210Pb) of 1.0 (unity) implies secular equilibrium between a short-lived 
radioactive daughter and it’s long-lived parent.
In Framvaren Fjord, the activity ratio of dissolved 210Po/210Pb was 
consistently less than 1.0 in waters above the O2/H 2 S interface (Fig. 2.9). 
Indeed, the vertical position of the redox boundary within the water column 
coincided well with the observed shift in the dissolved activity ratio from < 1 
above the redox front to values greater than 1 in the anoxic waters. The activity 
ratio was lowest at 8 m (AR = 0.4). Preferential scavenging of Po over Pb by
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marine plankton and microorganisms likely explains such depleted AR values. 
This is consistent with previous work that has also shown Po to be more 
efficiently scavenged by planktonic organisms than Pb in marine systems 
(Shannon et al., 1970; Turekian et al., 1974; Fisher et al., 1983; Wei and Murray, 
1994). The abundance of phytoplankton in the upper water column of Framvaren 
is further substantiated by the highest, super-saturated dissolved 0 2 
concentration observed precisely at this depth (Fig. 2.3a). In contrast, the AR of 
dissolved 210Po/210Pb approached values greater than 4.0 below the O2 /H 2 S 
interface. This excess polonium appears to be a characteristic feature within 
anoxic basins (Bacon et al., 1980; Todd et al., 1986; Wei and Murray, 1994). 
Such dissolved 210Po enrichment relative to 210Pb is thought to be tied to the 
reductive dissolution and cycling (regeneration of 210Po-rich particles above/at 
the O2/H 2 S interface as well as the preferential precipitation/co-precipitation of 
210Pb with sulfide minerals (see Section 2.4.2).
Figure 2.10 shows the vertical distribution of the particulate 210Po/210Pb 
activity ratio. If the particle composition within Framvaren were purely terrestrial 
or inorganic (i.e., alumino-silicates), then the particulate AR should be close to 
secular equilibrium (Olsen et al., 1985). There was a sharp peak in the 
particulate AR (highest 210Po enrichment) at a depth of 21.3 m, which is close to 
the O2 /H2 S interface. If 210Pb has a higher affinity towards Mn-oxides (Canfield et 
al. 1995) than 210Po, which has been shown to favor organic carrier phases over 
inorganic oxides (McKee, 1986), then this peak may, in part, be the result of
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reductive dissolution of M n02 in the AMR zone, liberation of 210Pb to solution and 
subsequent downward diffusion of 210Pb.
Another useful way to examine the phase partitioning of polonium is to 
report the activity difference of 210Po relative to its parent nuclide (Bacon et al., 
1988). In doing so, a value of zero indicates a balance between radioactive 
production and decay. Figure 2.11 a,b shows the vertical profile of particulate 
and dissolved 210Po minus 210Pb (dpm 100 L'1), respectively. The surface 
samples down to the redox interface all show a depletion of dissolved 210Po, 
albeit to varying degrees, while particulate 210Po only fluctuates mildly about the 
‘production = decay’ line. The absence of a substantial excess in particulate Po 
in these waters indicates a net transport of 210Po out of the surface layer. 
Scavenging of Po onto particulate matter and subsequent particle settling are 
well-known, efficient modes of Po transport (Bacon et al., 1976) which certainly 
contribute to the overall profile of 210Po surrounding the 0 2/H2S interface. The 
potential release of dissolved 210Po via volatilization from Framvaren surface 
waters into the atmosphere may be another important export mechanism that 
can remove polonium from the surface layer. A more thorough examination of 
this release mode within natural waters is essential in any future mass balance 
studies for any potentially volatile element, such as Te, Bi and Se. Figure 2.11a 
indicates that the largest enrichment in parent-corrected particulate 210Po occurs 
at a depth of 21.3 m. The vertical position of this 210Po spike within mildly sulfidic 
waters coincides with the secondary biomass peak (recorded by light 
transmissometer). This biomass layer predominantly consists of the obligate
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anaerobic phototrophic Chlorobium spp., rather than the facultative anaerobe 
Chromatium spp. (Fig. 2.2; Swarzenski, unpublished data) which appear to thrive 
in the suboxic waters at a depth of 20.0 m.
The following general scenario is proposed to explain depletion and 
enrichment in both particulate and dissolved 210Po and 210Pb in the upper 30 m in 
Framvaren. Within surface waters dissolved 210Po is quickly taken up or 
complexed by biogenic particles and inorganic Fe/Mn oxides. 210Pb is also 
scavenged by particle surfaces, albeit at a slower rate (the ratio of 
particulate:total 210Pb begins to increase rapidly only below a depth of 12 m). 
The large deficit in dissolved 210Po between 5 and 12 m depth is not immediately 
reflected in an enriched particulate 210Po profile. Only below the 0 2/H2S interface 
do particulate 210Po activities begin to build up and the observed sharp 
particulate 210Po peak is likely controlled by the intense cycling of sulfur micro­
organisms. In anoxic waters the distribution of both dissolved and particulate 
210Po again approach the ‘production = decay’ line (Fig. 2.11a,b). Here, 
dissolved 210Po is removed from the water column, albeit at a slower rate than 
210Pb, either by direct precipitation with a S'2 species, or by co-precipitation onto 
a particle reactive carrier phase (e.g., FeS2). Results from this study 
demonstrate that the aqueous redox geochemistry of 210Po and 210Pb in 
Framvaren Fjord is unequivocally tied to biological/microbial cycles. Future work 
will address mechanisms of biological uptake/release of polonium and lead by 
sulfide-oxidizing microbes.
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2.4 CONCLUSIONS
Our results demonstrate the following general characteristics on the
biogeochemistry of 210Po, 210Pb, Fe(ll) and Mn(ll) across the O2 /H 2 S interface in
Framvaren Fjord, Norway.
1) Dissolved 210Pb and 210Po inputs into Framvaren are dominated by 
atmospheric wet/dry deposition and terrestrial runoff. In situ production of 
210Pb from the decay of ^ R a  is comparatively minor in the upper 30 m water 
column of Framvaren.
2) Dissolved 210Po is scavenged more quickly than 210Pb by organic and 
inorganic particles in surface waters. Nonetheless, the vertical dissolved and 
particulate 210Po and 210Pb profiles show similar enrichment/depletion trends 
within discrete water masses.
3) The vertical distribution of 210Po may be explained best by dividing the water 
column into distinct bands. Within surface waters, dissolved 210Po is removed 
either by particle scavenging and settling which transport polonium downward 
out of this layer, or via bio-volatilization across the air-sea interface. The 
export of Po from this layer must be rapid relative to the kinetics of phase re­
distribution because an enrichment in particulate 210Po does not occur until a 
depth of 21.3 m. The sharp peak in particulate 210Po at this depth coincides 
with a biomass peak that consists predominantly of the anoxygenic 
phototrophic microorganisms, Chromatium/Chlorobium, spp. The observed 
dissolved 210Po enrichment at this depth is likely controlled by a phase 
transformation (particle -»  dissolved) which can be microbially mediated. In
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anoxic waters, dissolved 210Po activities are lost from the water column to 
freshly (co)-precipitated sulfide minerals.
4) The vertical distribution of 210Pb is largely controlled by the redox state of the 
fjord. In oxic/suboxic waters 210Pb exists mainly in a dissolved form that is 
gradually replaced by a predominance of particulate 210Pb with depth. The 
increase in dissolved 210Pb in the aerobic manganese reduction zone (AMR) 
suggests that 210Pb is involved more in the redox cycling of Mn than Fe and 
that this carrier phase can concentrate dissolved 210Pb activities considerably 
at the O2/H 2 S interface. Pb, even more so than 210Po, has a tendency to bind 
with sulfide complexes, which efficiently remove lead in the anoxic waters.
5) Mn02 is reduced much earlier in the redox sequence than Fe-oxides in 
Framvaren. In this zone of aerobic manganese reduction (AMR) above the 
redox boundary, the activity of 210Pb begins to increase much more rapidly 
than 210Po, suggesting a preference of 210Pb to manganese rather than iron 
oxides.
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CHAPTER 3.
URANIUM BIOGEOCHEMISTRY ACROSS THE REDOX 
TRANSITION ZONE OF A PERMANENTLY ANOXIC FJORD: 
FRAMVAREN, NORWAY
3.0 INTRODUCTION
Although uranium can be considered a minor constituent of seawater, 
the marine geochemistry of uranium has been the focus of detailed 
geochemical investigations for many decades (e.g., Starik and Kolyadin, 
1957; Sackett et al., 1973; Klinkhammer and Palmer, 1991). Consequently 
the major characteristics of the naturally-occurring U isotopes, 238U (99.28 % 
wt/wt); 234U (0.006 % wt/wt) and 235U (0.711 % wt/wt) are well known in 
seawater (e.g., Broecker and Peng, 1982). Uranium exists in seawater as a 
stable, soluble, hexavalent uranyl-carbonate complex [U 02(C 0 3) j* ], and 
has a long residence time in the ocean (~ 4 x 10s yr.) due to its half-life (238U 
t,A = 4.51 x 109 yr.) and inefficient particulate scavenging capability (Turekian 
and Chan, 1971; Anderson, 1982; Cochran, 1982). An accurate 
assessment of the oceanic U budget has both scientific and economic 
significance, yet there are still fundamental aspects of this mass balance 
that need to be better constrained. The total amount of uranium carried to 
the oceans by rivers and streams (Palmer and Edmond, 1993) or even by
109
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atmospheric particles (Zverev et al., 1976) has to be removed, by one 
mechanism or another, in order to maintain the remarkably uniform U 
concentration (3.3 ± 0.2 pg L'1) and activity ratio (measured as a ratio of its 
two most radio-chemically abundant isotopes; ^ U /^ U  « 1.14 ± 0.02) 
observed in seawater (Thurber, 1962; Turekian and Chan, 1971; Ku et al., 
1977; Chen et al., 1986). Removal of U(VI) from seawater may involve any 
of the following general mechanisms (Anderson et al., 1989b): active 
biological uptake of dissolved U(VI), chemical adsorption/complexation of 
U(VI) by particulate matter, aqueous chemical/microbiological reduction of 
U(VI) to insoluble U(IV), and diffusion of U(VI) into anoxic sediments. 
However, direct evidence for the quantitative role of these mechanisms is 
still largely lacking except for some laboratory studies, and consequently U 
removal estimates have remained ambiguous.
From an investigation on the fate of U in the Baltic Sea, Koczy et al. 
(1957) were among the first to conclude that a valence change from soluble 
U(VI) to particle reactive U(IV) in 0 2-depleted shelf waters was the 
mechanism responsible for depositing U from the water column to the 
seabed. Their conclusions were substantiated by reports of elevated U 
concentrations (> 2 ppm; 1 ppm is equal to 4.20 x 10*3 pM, 0.746 dpm or 
0.0124 Bq 238U g'1) in sapropelic muds in some Norwegian Fjords (Strom, 
1948), the Baltic and Black Seas (Manheim, 1961; Kochenov et al., 1965;
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Baturin, 1968, Degens et al., 1977) and other anoxic marine basins (Mo et 
al., 1973; Kolodny and Kaplan, 1973; Weber and Sackett, 1981; Huh et al., 
1987). Veeh (1967) extended this postulation by suggesting that large 
scale removal of U from seawater can occur, not only in reducing shelf 
waters as implied by Koczy et al. (1957), but also in hemipelagic waters 
deeper than 200 meters where high biological productivity can cause 
hypoxic/anoxic conditions and a shift in the U oxidation state. In doing so, 
Veeh was able to roughly balance the global riverine dissolved 238U input 
rate (1 -  10 x 1015 pg y r1; Martin and Meybeck, 1979; Palmer and Edmond,
1993) by assuming that his theorized U removal can occur in about 0.4 % of 
the world ocean (Turekian and Chan, 1971).
Subsequent reports on the behavior of uranium in the sea have 
generally argued for the role of shelf waters and sediments as a source or 
sink for oceanic U (Cochran et al., 1986; Barnes and Cochran, 1990, 1993; 
McKee et al., 1987; Klinkhammer and Palmer, 1991; Swarzenski et al., 
1995; McKee et al., 1996). These studies have usually implied active or 
passive (i.e., carrier phase) redox transformations as a controlling 
mechanism for U removal which can theoretically occur either within the 
surface seabed or below the c y ^ S  interface of an anoxic water column 
(Anderson et al., 1989a). Unfortunately, the marine geochemistry of U, 
especially in regard to its redox chemistry, appears to be much more
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complex than thermodynamic equilibria would suggest (Langmuir, 1978; 
Santschi et al., 1988; Cochran et al., 1986; Grenthe et al., 1992; Barnes and 
Cochran, 1993).
To further examine processes of U removal from anoxic seawater, 
Anderson and colleagues (Anderson, 1987; Anderson et al., 1989b) studied 
the redox chemistry of U in two of the world’s largest anoxic marine basins, 
the Black Sea and Cariaco Trench. In both environments, physico-chemical 
considerations (long residence times and presence of sulfide) suggest a 
valence shift from U(VI) to U(IV) in the anoxic bottom waters. Interestingly, 
virtually all (~ 99 %) U remained in the U(VI) oxidation state in both 
environments. Similarly, the reduction of U must also be inhibited in the 
‘deep’, highly sulfidic waters of Framvaren Fjord (Norway) and in the 
seasonally anoxic Saanich Inlet (Canada) as the vertical dissolved U profile 
in both marine basins does not show significant depletion below the Cyi-^S 
interface (Todd et al., 1988; McKee and Todd, 1993). These reports 
provide convincing evidence against the rapid aqueous chemical reduction 
of U(VI) in anoxic seawater, apparently regardless of bottom water 
residence times, Eh, alkalinity, dissolved organic carbon or sulfide 
concentrations. There is the possibility that the stability of the uranyl- 
carbonate complex might in itself inhibit chemical reduction. However, 
Anderson et al. (1989b) verified that natural U from the Black Sea is quite
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easily reducible using only 3 - 5 pM concentrations of the reductantTi(lll) (in 
comparison, H2S concentrations approach ~ 300 pM in Black Sea deep 
waters; Haraldsson and Westerlund, 1988) and also showed that the 
carbonate U complex is not a factor that can kinetically hinder U reduction.
This apparent inability of in situ aqueous U reduction is in sharp 
contrast to results obtained from laboratory studies where the reduction of 
uranium was facilitated by both sulfide (Kochenov et al., 1977; Mohogheghi, 
1985; Mohogheghi et al., 1985) and sulfate reducing bacteria (Gorby and 
Lovley, 1992; Lovley and Phillips, 1992; Lovley et al., 1991; Francis et al.,
1994). The experiments conducted independently by Kochenov and 
Mohogheghi indicate that the presence of particle surfaces appear to 
catalyze U reduction. While their results conform to wide-spread 
observations of U reduction in anaerobic sediments (Anderson et al., 1989a; 
Barnes and Cochran, 1990, 1993; Klinkhammer and Palmer, 1991; Nagao 
et al., 1992; Swarzenski et al., 1992; Calvert and Pedersen, 1993), the 
mechanism by which inorganic or organic particle surfaces initiate U 
reduction remains largely unknown. It is likely that this reduction of U 
follows a two-step sequence wherein U is first adsorbed onto a mineral 
surface that can subsequently undergo chemical or microbially-mediated 
reduction (Mohagheghi et al., 1985; McKee and Todd, 1993; Barnes and
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Cochran, 1993; Lovley et al., 1991; Lovley and Phillips, 1992; Lovley, 
1995).
Framvaren Fjord provides an opportunity to not only examine the 
redox behavior of U in the highly reducing (£H2S = ~ 6 mM; Yao and Millero,
1995) bottom waters (Todd et al., 1988), but also presents an ideal 
environment in which to investigate the role of sulfur microbes and their 
influence on redox-sensitive and particle reactive metals and radionuclides 
(McKee and Todd, 1993; Swarzenski et al., In Press). The primary 
objective of this study was to determine how microbes may control the 
distribution of U across the CyH2S interface and whether or not U(VI) may in 
fact be reduced, either chemically or biologically, in these waters. From our 
results, it is evident that U is very actively cycled by the dense microbial 
community (Sorensen, 1988) which persists at the redox boundary. 
Furthermore, the water column profile of dissolved U shows extreme 
variability (by almost a factor of four) around the CyH2S interface from one 
season to the next.
3.1 CHEMICAL SETTING
Framvaren Fjord (~ 58° 10’ N, 06° 45’ E) is a small, model fjord 
isolated from the Skagerrak Sea by a series of shallow (2 - 21 m; Skei, 
1988a) sills which effectively limit the exchange of seawater (Fig. 3.1). 
Barotropic forces regulate this water exchange and introduce warmer, lower
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Fig. 3.1 The environmental setting of Framvaren and adjoining 
fjords. Samples for this study were collected at Station 
F1 during August 7-8, 1995.
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salinity (~ 12) surface waters from Helvik and Lyngdals Fjord into Framvaren 
(Stigebrandt and Molvasr, 1988). A primary source of this fresher water 
originates from Lyngdals River which drains granitic Precambrian terrain 
(Strom, 1936; Skei, 1988a). Direct freshwater runoff into Framvaren Fjord is 
on the order of 1 m3 sec'1 (Skei, 1988a) and divided among 4 - 5  smaller 
streams. Consumption of organic matter consistently exceeds the rate of 
dissolved Oz supply below about 20 m and consequently waters below this 
depth are ‘permanently’ anoxic and sulfidic; IH 2S concentrations in the deep 
bottom waters are among the highest of any euxinic body of seawater (Yao 
and Millero, 1995). Unlike other anoxic marine basins such as the Black 
Sea or the Cariaco Trench, the depth of the Oj/HjS interface in Framvaren 
fluctuates only mildly (± 1 m) and the buildup of IH 2S immediately follows 
dissolved 0 2 depletion. Redox sensitive metals (e.g., Fe and Mn) show 
characteristic enrichment at the C yi^S  interface (Jacobs et al., 1985; 
Landing and Westerlund, 1988; Skei, 1988a,b; Yao and Millero, 1995) and 
are efficiently sequestered either by C O f  or sulfide (co-)precipitation in 
anoxic waters (Stumm and Morgan, 1981; Skei etal., 1996).
Previous U studies (Todd et al. 1988; McKee and Todd, 1993) 
indicated that the water column in Framvaren was slightly depleted in 
dissolved U relative to the derived conservative U/salinity relationship of 
Turekian and Chan (1971). A similar relationship between observed and
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predicted U concentrations was also reported for the Black Sea (Anderson 
et al., 1989b). There was some uncertainty, however, as to the validity of 
using this calculated U expression in multiple endmember mixing systems 
such as fjords and anoxic basins (Anderson et al., 1989b; see Discussion). 
Nonetheless both previous Framvaren U studies demonstrate, at least 
indirectly, that the complete reduction of U(VI) and precipitation of dissolved 
U as U 02(c) clearly is not a dominant process in the sulfidic bottom water 
column, and that U can exhibit non-conservative behavior.
3.2 SAMPLING AND METHODS
Sampling for this study was carried out at Station F1 during August 7 
- 8, 1995 (Fig. 3.1). A full description of water column sampling procedures 
is presented elsewhere (Swarzenski et al., In Press). Briefly, for uranium 
small volume samples (< 100 mis) were pumped and filtered on board a 
small boat using a single Teflon hose, a peristaltic pump and large capacity 
(0.2 pm) Millipak cartridge filters. Water samples were carefully collected 
and filtered without exposure to air in order to eliminate potential oxidation 
artifacts. Prior to collecting each sample, the entire pumping system was 
sufficiently purged and a new, acid-rinsed filter was placed inline and 
flushed with ambient seawater (~ 50 mis). The U aliquot was collected first 
in a suite of water samples that ranged in volume from a few mis to 10 L. 
Samples for ICP-MS were acidified in the field to ~ 1 - 2 % using VYCOR
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double-distilled H N 03 acid. Dissolved organic carbon (DOC) samples were 
acidified to pH 2 with 10 % phosphoric acid and stored frozen in glass vials. 
Particles retained by the Millipak cartridges were leached repeatedly with 
warm HCI04-H N 03-HF and HCI acid washes under sonification and slight N2 
pressure.
A separate set of water samples (dissolved and total) was collected 
at 1 m, 22 m and 30 m for uranium speciation (oxidation) studies. 
Procedures for U oxidation state determinations are based closely on 
methods developed by Anderson (1984, 1987). To summarize, whole and 
filtered water samples were directly pumped into N2 filled 20-liter cubitainers 
which contained enough de-aerated HCI to yield -  1.0 N HCI samples. A  
reduced 232U(IV) and oxidized 235U(VI) yield tracer was prepared in the field 
and added to the acidified samples. After equilibration, U(IV) was 
subsequently separated by co-precipitation with NdF3 and collected on 0.2 
pm pore size Millipak filters. Uranium left in solution [U(VI)] was reduced by 
adding of 20 % TiCI3 and was also collected by another identical NdF3 
precipitation and filtration step. These oxidation state separations were 
conducted in the field almost immediately after sample collection to ensure 
that oxidation artifacts could not contaminate the experimental U speciation 
results. U isotopes were extracted from the filter cartridges with a series of
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HF-HCI04l HN03 and HCI leaches and quantified by alpha spectroscopy 
following the procedures of Anderson and Fleer (1982).
Dissolved uranium, Ba and Sr concentrations were measured by 
isotope dilution ICP-MS at the Skidaway Institute of Oceanography 
(Georgia, USA) following the procedures of Klinkhammer and Chan (1990) 
and Swarzenski et al. (1995). Using this technique, analytical precision is 
on the order of 1 - 2 %, depending on the element concentration. DOC was 
analyzed in the laboratory of Dr. Ron Benner (University of Texas) by high 
temperature catalytic oxidation (HTCO) using a Shimadzu TOC 500 
analyzer with a Pt catalyst (Benner and Hedges, 1993). Using this HTCO 
analyzer the reported analytical precision for a 10 ppm standard (potassium 
hydrogen phthalate solution) is 10.11 ± 0.2 mg L"1 (Benner and Hedges, 
1993). Analytical procedures for obtaining dissolved Mn(ll), Fe(II), 0 2, H2S 
concentrations and pH are reported elsewhere (Swarzenski et al., In Press).
3.3 RESULTS AND DISCUSSION
3.3.1 Water Column Trends
For this sampling period, the redox transition zone of Framvaren 
Fjord is characterized by the vertical concentration profiles of salinity, 
temperature, light transmission (i.e., biomass maximum), dissolved 0 2, H2S, 
pH, dissolved Mn and Fe shown in Figures 3.2 and 3.3a,b; the upper water 
column has also been described previously in Swarzenski et al. (In Press).
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Table 3.1 Geochemical data of Station F1; August 7 - 8 ,  1995.
Depth
(m)
pH 0 2
(pM)a
h 2s
(pM)a
Temp.
(°C)
Salinity Light
Trans.
(%)b
DOC 
(mg L-’)c
Diss. U
(pg L-1)
Part. U 
(M9 L'1)
Total U
(pg l-1)
Ko0 Ba
(pg L'1)
Sr 
(mg L'1)
1.0 8.06 272.15 — 19.32 13.41 98.00 — 1.24 0.01 1.25 8.06E-3 5.90 3.03
5.0 8.21 290.00 — 19.14 13.88 93.25 2.02 1.45 — — — 10.20 3.47
8.0 8.18 307.40 — 19.09 16.00 82.92 2.20 1.45 — — — 11.90 3.73
12.0 7.59 285.09 — 13.07 17.94 77.24 2.01 1.70 — — — 13.70 4.33
16.0 6.91 119.57 — 10.55 19.82 88.64 1.92 1.60 0.03 1.63 1.88E-2 14.30 4.64
18.0 6.81 12.05 — 10.18 20.59 85.62 2.37 3.46 0.01 3.47 2.89E-3 16.30 5.27
20.0 6.85 4.91 — 10.00 20.81 23.90 3.33 3.28 0.02 3.30 6.10E-3 18.60 6.66
20.3 7.00 — — 9.97 20.83 66.36 3.57 3.22 — — — 19.30 6.26
20.6 7.16 5.35 — 9.93 20.86 71.49 9.80 3.16 0.26 3.42 8.23E-2 20.80 6.56
20.9 7.40 — — 9.89 20.90 57.94 2.09 3.43 — — — 23.50 8.16
21.3 7.49 — — 9.83 20.92 55.77 — 4.06 0.10 4.16 2.46E-2 19.10 6.92
21.5 7.18 — 38.00 9.88 20.90 57.87 3.04 3.49 — — — 21.00 7.57
22.4 7.19 — — 9.76 20.93 78.67 2.44 3.35 0.03 3.38 8.96E-3 18.40 6.57
23.0 7.13 — 117.00 9.73 20.96 89.16 5.85 3.28 0.01 3.29 3.05E-3 18.00 6.46
24.0 7.14 — — 9.68 21.01 94.33 3.00 3.33 — — — 17.90 6.53
27.0 7.05 — — 9.51 21.12 95.00 2.41 3.33 . . . — — 18.20 6.48
30.0 6.90 . . . — 9.23 21.29 96.00 3.39 3.18 0.01 3.19 3.14E-3 17.90 5.87
a Samples analyzed at NIVA (Norwegian Institute for Water Research);
“ Transmissometer calibrated to surface water;
c DOC samples analyzed by Dr. R. Benner, University of Texas (Port Aransas, USA); 
d Distribution coefficient, K<j = particulate U + dissolved U.
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Fig. 3.2 Water column depth (0 - 30 m) profiles of temperature 
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aerobic Mn reduction (Canfield et al., 1995), just above 
the O^H2S interface. All concentration units are (pM).
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Hydrographic parameters as well as concentrations of DOC, dissolved and 
particulate uranium, total U, distribution coefficient (KJ values, Ba, and Sr 
are summarized in Table 3.1.
In the upper-most water column ( 0 - 1 6  m), the concentration of 
dissolved uranium is reasonably constant from one season to the next (Fig. 
3.4a,b), considering the evolution of field and analytical methods employed 
during the course of these investigations (Todd et al., 1988; McKee and 
Todd, 1993). The slight enrichment of U concentrations observed during 
this study relative to values reported in Todd et al. (1988) or McKee and 
Todd (1993) probably reflect a difference in filtration pore size (0.2 pm and 
0.4 pm, respectively) more than possible changes in the scavenging 
capabilities of the planktonic particles or even the wholesale redistribution of 
U at the chemocline. In order for U concentrations to remain this uniform 
across the pynocline (~ 10 m) suggests that simple estuarine, two 
component mixing does not apply to these waters. Consequently, the 
mathematically-derived U:salinity expression of Turekian and Chan (1971) 
cannot yield an accurate estimate of conservative U behavior in Framvaren. 
Moreover, our results clearly show that biogeochemical transformations 
which occur at the (V H jS  interface are the dominant component controlling 
the overall partitioning of U in Framvaren.
Based on vertical salinity and temperature profiles, the water column
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below 16 m begins to stabilize and eventually transforms into the colder, 
saltier water mass characteristic of the ‘deep’ fjord. Surprisingly, within the 
suboxic waters the dissolved U profile shows its most drastic increase in 
concentration (approximately x 2). For example, from 16 m down to 18 m 
the U concentration increases from 1.60 (ig L'1 to 3.46 ^g L‘1 while salinity 
only increases from 19.82 to 20.59 (Fig. 3.4b). This value of 3.46 pig L‘1 is 
significant as it is very similar in magnitude to the global open ocean 
(salinity ~ 35) dissolved U concentration (3.3 ± 0.2 jig L'1) as confirmed by 
Turekian and Chan (1971); Ku et al. (1977) and Chen et al. (1986). Clearly, 
U behaves non-conservatively in this water column, and an oceanic 
endmember source cannot be invoked to explain the elevated U 
concentrations here.
Below 18 m down to 30 m, uranium levels remain highly enriched and 
show little variability other than precisely at the CyHjS interface; the 
behavior of U surrounding the redox front will be discussed in a subsequent 
section. The pronounced break in the water column (0 - 30 m) dissolved U 
profile of Figure 3.4b at about 16 m does not show up readily in the 
hydrological (e.g., temperature and salinity) record (Fig. 3.2). In contrast, 
many chemical constituents (e.g., pH, dissolved 0 2, Mn(ll) and DOC) do 
show vertical profiles which exhibit steep concentration gradients in the 
waters above the O^HjS interface. It is likely, therefore that a complex
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matrix of processes and reactions that influence and control these reactive 
aqueous constituents must be responsible for creating the observed 
dissolved U distribution. Sorensen (1988) reported on the diverse and 
prolific microbial communities that persist at the redox interface in 
Framvaren. There is evidence that dissolved uranium may be taken up in 
this biologically-rich layer (McKee and Todd., 1993), and now U data from 
this report indicate that previously sequestered U can also be very efficiently 
released, by a reverse sorption mechanism involving the same 
assemblages of bacteria.
According to thermodynamic considerations (Langmuir, 1978; 
Grenthe et al., 1992), the distribution of dissolved U(VI) in anoxic, sulfidic 
waters should be simple to predict in that a shift in the oxidation state from 
U(VI) to U(IV) in such waters should efficiently remove dissolved U from the 
water column by reduction and precipitation (Nash et al., 1981). There are 
many examples of the strongly hydrolyzed, particle-reactive nature of other 
tetravalent actinides in seawater (e.g., Th(IV); Pu(IV)), which are almost 
exclusively bound to marine particulate matter (Broecker et al.,1973; Hodge 
et al. 1978; Brewer and Hao, 1979; Santschi et al., 1980, 1988; Nozaki, 
1991; Hirose and Sugimura, 1991, 1993; Quigley et al., In Press). The 
reduction of U(VI) to the tetravalent U(IV) should therefore also result in a 
decrease in the dissolved U inventory below the chemocline (Klinkhammer
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and Palmer, 1991; Calvert and Pedersen, 1993). However, there are only 
very few records of such U behavior in seawater, and environments wherein 
U reduction is inferred are not typical of anoxic marine basins. For example, 
Van der Weijden et al. (1990) noted a strong decrease (from ~ 3.8 to < 0.5 
pg L'1) in dissolved U below the Oj/H-rS interface in the hypersaline Tyro and 
Bannock Basins of the Mediterranean Sea. Jellyfish Lake (Palau) is the 
only other known oceanic setting where U is energetically removed (~ 75 %) 
from the anoxic water column by apparent reduction and precipitation 
(Burnett et al., 1989).
Figure 3.4b shows a depth profile of particulate (> 0.2 pm) uranium. 
Values range from 0.01 to 0.26 pg L'1 (Table 3.1) and fall in between 
particulate U values reported previously in Todd et al. (1988) and McKee 
and Todd (1993); -  0.002 pg L'1 and 0.07 - 0.81 pg L'1, respectively. The 
large variation in particulate U values observed in Framvaren Fjord probably 
reflects changes in filtration methods (pore size and filter type) as well as 
real fluctuations in particulate U concentrations from one season to the next. 
As has also been observed for particulate 210Po and 210Pb during the same 
sampling period (Swarzenski et al., In Press), there is a pronounced peak in 
particulate U (0.26 pg L'1) at 20.6 m which is essentially indistinguishable 
from the Oz/H2S interface depth. Below the redox front, particulate U 
concentrations decrease exponentially and appear to stabilize at a
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background level of ~ 0.01 pg L'1. If U were sensitive to redox-controlled 
oxidation state transformations, then one would instead expect the 
particulate U pool to increase relative to total U with an increase in depth 
below the redoxcline. Therefore, the redox chemistry of U alone cannot 
explain either the particulate or dissolved U profiles in the anoxic, sulfidic 
waters. This observation is in accordance with previous U studies in anoxic 
marine waters.
Results from the uranium oxidation state experiments are presented 
in Table 3.2. The 1 m sample was not filtered and was included in the 
experimental design only as a control for the other oxidation state 
determinations. In the three sample sets which represent discrete oxic, 
0;>/H2S interface and anoxic water parcels, uranium occurs almost entirely 
as the dissolved U(VI) species. Considering that the listed errors are due 
only to counting statistics (1 cr), usually much less than 10 % of the total or 
dissolved U in each sample exists as a reduced U(IV) species. Apparent 
U(IV) appears to be most prevalent with depth (increase in EH2S). While 
similar U oxidation state results have been reported for the anoxic waters of 
Cariaco Trench (Anderson, 1987) and the Black Sea (Anderson et al., 
1989b), the elevated fraction of U(IV) -r U(VI) (Table 3.2) in Framvaren may 
indeed indicate an actual phase transformation of U brought about by 
reduction, but the statistical errors associated with this experiment are
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significant and indicate only minimal U(IV) concentrations. The separation 
of U(VI) from U(IV) by NdF3 co-precipitation was effective in that spike
Table 3.2 Oxidation state of uranium (dissolved and total) and U 
activity ratios.
Depth Sample 238U(VI) 238U(IV) 234U/238U U(IV)/U(VI)
(m) Type (M9 L-1) (M9 L-1) Activity Ratio (percent)
1.0 T 1.24 ±0.06 — 1.56 ±0.30 3.22
1.0 T — 0.04 ± 0.03 0.99 ± 0.36 —
22.0 T 3.28 ± 0.09 — 1.16 ±0.27 2.74
22.0 T — 0.09 ±0.08 1.58 ±0.85 —
22.0 D 3.38 ±0.11 — 0.96 ± 0.23 3.55
22.0 D — 0.12 ±0.08 1.30 ±0.62 —
30.0 T 3.15 ±0.05 — 1.05 ±0.39 6.35
30.0 T — 0.20 ±0.12 1.08 ±0.53 —
30.0 D 2.79 ± 0.25 — 0.86 ±0.17 5.38
30.0 D — 0.15 ±0.11 0.96 ± 0.44 —
Reported errors are ± 1 a;
T  = unfiltered (total); D = less than 0.2 pm (dissolved);
Uranium spike (232-235U; see text) crossover is insignificant in both U(VI) and 
U(IV) pools relative to cumulative U activity.
(232’235U) crossover was not significant in any of the reduced or oxidized U 
samples. In Framvaren Fjord there is excellent agreement between U(VI) 
speciation results and in situ U concentrations (Fig. 3.4b). The 
predominance of U(VI) even in anoxic waters adds further evidence that the 
aqueous chemical reduction of U is effectively inhibited, regardless of
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environmental parameters. Uranium oxidation state measurements, as well 
as the in situ water column dissolved U profile, indicate that a process or 
mechanism other than chemical reduction must be controlling U behavior in 
Framvaren Fjord. It is likely that this process is intimately coupled to 
biogeochemical cycles involving microbes that flourish around the (V H 2S 
interface.
Fig. 3.5a,b shows the vertical profile of the empirical distribution 
coefficient, K^ , (defined here as a ratio of particulate U dissolved U, 
unitless) and dissolved organic carbon (DOC). The range of values 
extend from about 3 x 10'3 to 8 x 10 2 (Table 3.1), and the vertical profile is 
defined by a sharp peak in Kj at 20.6 m which is very close to the depth of 
the biomass maxima (20.0 m) (as determined by light transmissometer). 
There is an exponential decrease in Kj values below the CyHjS interface 
and values approach background levels at 23 m. Analogous values 
calculated from U data reported in Todd et al. (1988) and McKee and Todd 
(1993) in close proximity to the particulate maximum in Framvaren are 0.14 
and 1.74, respectively. The variation in K„ values in Framvaren Fjord reflect 
the much higher dissolved U concentrations observed during this study, as 
well as possible seasonal differences in Uiparticle sorption characteristics. 
The vertical profile of values in waters below the (V H 2S interface of 
Framvaren offer further evidence that U does not undergo large-scale
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oxidation state transformations from U(VI) to U(IV) in the anoxic water 
column.
In aquatic systems the primary origins of dissolved organic carbon 
are photosynthetic and can be divided into the following broad categories 
(Wetzel, 1983): 1) allochthonous (terrigenous), 2) autochthonous
(phytoplanktonic productivity, autolysis), 3) microbial chemosynthesis, and 
4) zooplankton excretions. The relative contribution of these inputs is 
commonly a function of the magnitude of a water body; lakes and fjords are 
generally influenced more by a terrigenous dissolved organic carbon 
component while in the open ocean DOC is largely produced in situ. In the 
past, the eucaryotic phytoplankton community in the upper euphotic zone of 
Framvaren Fjord has been dominated by the diatom Skeletonema spp. and 
various dinoflagellates (e.g., Gyrodinium spp.) (Sorensen, 1988). In these 
shallower waters, phytoplankton production and zooplankton activity is 
generally low due to nutrient limitations. DOC concentrations reported here 
represent the first dissolved organic carbon profile observed in the upper 
water column of Framvaren Fjord.
In Framvaren, DOC concentrations range from about 2 - 10 mg L‘1 
(Fig. 3.5a); the highest value occurs precisely at the O^HjS interface (20.6 
m). In comparison, DOC values in the upper 200 m of the Black Sea are 
generally less than 1 mg L'1 and there is no unusual fluctuation in reported
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DOC levels across the redox transition zone (Karl and Knauer, 1991). 
Based on the vertical DOC profile in Framvaren (Fig. 3.5b) which shows 
little variation above 16 m, and considering the prolific microbial community 
that exists around the redoxcline, we infer that DOC production is 
predominantly a chemosynthetic process (i.e., chemolithotrophy) regulated 
largely by phototrophic purple and green bacteria. It is likely that there are 
other, less significant metabolic reactions that might also contribute to the 
overall autotrophic assimilation of C 0 2 such as the bacterial oxidation of 
NHJ,  NO; ,  H2, CH4i Fe(ll) or Mn(ll,lll). Unfortunately, little is presently 
known on microbial/algal carbon production and export in Framvaren and 
the complete C budget still remains unresolved. Nonetheless, the large 
DOC values recorded in Framvaren offer further evidence that this system is 
highly influenced by biochemical processes stemming from the phototrophic 
bacteria, and it is very likely that this newly formed, chemically labile DOC is 
a strong complexing substrate for both trace metals and radionuclides 
(Davis and Kent, 1990). As a DOC:U complex would sequester U(VI) in a 
dissolved-sized pool, it is possible that the elevated dissolved U levels 
observed around the CyHjS interface might be the result of energetic U 
adsorption/desorption reactions facilitated by anaerobic microbes. Diffusion 
(and advection) of this U:DOC complex away from the redoxcline would thus 
define the observed dissolved U profile.
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3.3.2 U behavior at the CyHjS interface
Framvaren Fjord is unique relative to other marine anoxic systems for 
the following reasons: 1) Framvaren is a highly confined, low-energy system 
(e.g., the vertical fluctuation of the O2/H2S interface within the water column 
is minimal (± 1 m) and the tidal amplitude is only ± 1 0  cm), 2) the redox front 
is positioned well within the photic zone, 3) a dense and diverse 
assemblage of phototrophic and other sulfur microbes persist in the waters 
surrounding the 0 2/H2S interface, 4) the redox boundary is very sharp, (i.e., 
£H 2S concentrations increase immediately (< 0.5 m) after 0 2 depletion) and 
finally, 5) the geographical setting of Framvaren facilitates precise, high 
resolution sampling of the finely-structured water mass surrounding the 
CyHjS interface. The cycling and concentration of redox sensitive (e.g., Fe 
and Mn) and particle reactive (e.g., 210Po and 210Pb) elements at any OJH2S 
interface is a well known phenomenon (Bacon et al., 1977; Benoit and 
Hemond, 1990; Santschi et al., 1990; Canfield et al; 1995) which has also 
been documented in Framvaren (Landing and Westerlund, 1988; Lewis and 
Landing, 1990; Swarzenski et al., In Press). Indeed, in this fjord the 
geochemistry of U also appears to be strongly influenced by such cycles.
McKee and Todd (1993) examined the phase distribution of U in the 
water column of Framvaren during June, 1989 (Fig. 3.4a). That summer the 
water column chemistry of the fjord was somewhat uncharacteristic in that
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the depth of the Oj/HzS interface (18 m) was vertically separated from the 
peak biomass depth (24 m) much more than in previous years (Skei, 1986). 
This unique detachment of these two layers enabled McKee and Todd 
(1993) to isolate the influence of redox cycles versus those of a purely 
biological nature (i.e., uptake), and these investigators were thus able to 
propose that complexation (adsorption/desorption) processes with biota, 
rather than chemical or biological reduction, were the controlling parameter 
for uranium distributions during their study. Indeed, in vitro experiments 
indicate both direct and indirect involvement of U with bacteria (DeSpirito et 
al., 1983; Lovley et al., 1991; Gorby and Lovley, 1992; Lovley and Phillips, 
1992) and other micro-organisms such as fungi, yeasts and actinomycetes 
(Horikoshi et al., 1981; Galun et al., 1983; Premuzic et al., 1991). It is also 
possible that the unique sampling challenges associated with Framvaren 
Fjord, e.g., filter loading and oxidation artifacts, in conjunction with the large 
sample size (20-L) may have contributed to the lower U values reported by 
McKee and Todd (1993) relative to this study. Thus the nominal pore size 
of the filter membrane may have been reduced by particle loading, which 
would effectively decrease the filtrate (dissolved) fraction.
In contrast, the uranium distribution reported here (Fig. 3.4b) is 
almost a mirror image of the dissolved U profile presented by McKee and 
Todd (1993). The sharp dissolved uranium peak at 21.3 m coincides with
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the depth where both Fe(ll) and Mn(ll) attain their maximum levels. Unlike 
Fe which shows little enrichment above the redox boundary, the 
concentration of dissolved Mn begins to increase significantly above the 
O2/H 2S interface in the AMR (aerobic manganese reduction) zone. If U is 
scavenged more efficiently by M n02 rather than by Fe oxides, as has been 
inferred from pore water U:Mn profiles (Swarzenski et al., 1992; McKee et 
al., 1996), then the simultaneous enrichment of both Mn(ll) and dissolved U 
in these waters may be due to the dissolution and precipitation of U-bound 
M n02 above the redox interface. The unique chemical properties of Mn 
oxides (e.g., unique structural and colloidal characteristics, high surface 
charge and cation adsorption capacity over a wide pH range, large surface 
area, multiple valence states) can facilitate preferential scavenging of 
certain radionuclides (Means et al., 1978; Canfield et al., 1995), REEs 
(German et al., 1991) and metals (Hem, 1978a,b; Balistrieri and Murray, 
1986). The efficiency of M n02 as a surface site for adsorption is likely 
enhanced further by microbial activities (Tebo et al., 1984) which can 
enzymatically reduce/oxidize Mn (Nealson, 1983; Ehrlich, 1990).
To explain the sharp peak of dissolved U at 21.3 m, possible U 
source and removal terms must be well quantified. The Lyngdals River is 
the largest river in the region surrounding Framvaren Fjord, and its 
freshwater discharge can be observed in lower salinity surface waters of
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Lyngdals, Helvik and Framvaren fjords (Fig. 3.1). The particulate-poor 
Lyngdals River has a dissolved (< 0.4 pm) U concentration of 0.48 pg L'1 
(Swarzenski, unpubl. data) and as such cannot be considered a significant 
direct input of U to Framvaren. This is confirmed in the relatively 
homogenous upper (1 -1 6  m) water column dissolved U profile. There are 
numerous small, surficial groundwater seeps in the granitic terrain 
surrounding Framvaren, and it is probable that these seeps continue along 
fissures below the water surface. Acknowledging the long residence time of 
Framvaren bottom water and the large aspect ratio of the seabed surface 
area to water volume, which is typical of most fjords (Syvitski et al., 1987), 
then any potential groundwater infiltration into bottom waters should be 
easily distinguishable in the trace metal/radionuclide record. However, 
observations of water column trace metal, uranium and thorium profiles do 
not reveal such a ground water source (Jacobs et al., 1985; Skei, 1986; 
Todd et al., 1988; McKee et al., 1988; McKee and Todd, 1993). An 
additional U source that does not involve traditional inputs such as ground 
water or rivers may indeed prove to be more significant to the overall 
distribution of uranium in Framvaren. This U reservoir likely involves the 
uptake and release of uranium by biota and may also be tied to the redox 
cycling of metal oxide carrier phases.
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Figure 3.6a,b shows a close-up of the vertical concentration profiles 
of Mn(ll), Fe(ll), dissolved and particulate U and pH across the redox 
transition zone. Within this narrow band of water ( 1 5 - 2 5  m), the pH 
distribution exhibits a dramatic peak at a depth of 21.3 m. The observed pH 
increase is likely due to the consumption of protons during anaerobic 
degradation of organic matter and the associated production of Mn(ll), 
Fe(ll), S(-ll) and bicarbonate alkalinity (Stumm and Morgan, 1981). This is 
also the precise depth where dissolved U and both particulate and dissolved 
210Po and 210Pb peak (Swarzenski et al., In Press). In regards to 
dissolution/precipitation or sorption processes, pH is often the master 
variable that defines the rate or extent of a chemical reaction (Stumm and 
Morgan, 1981; Davis and Kent, 1990). Many biological reactions such as 
respiration and electron transfer also have an direct effect on pH values, 
and in physically quiescent systems such as Framvaren, pH may serve as a 
proxy for microbial metabolic activity. Recent geomicrobiological studies 
confirm that U and 210Po both can be enzymatically utilized by select 
microbes (Lovley and Phillips, 1992; Cherrier et al., 1995; Lovley, 1995). 
Thus, in Framvaren Fjord the coincident pH and U, Po and Pb maxima 
slightly below the CyH2S interface suggest that biological (i.e., microbial) 
processes, such as active or passive uptake and release mechanisms, have 
a profound influence on the distribution of these radionuclides.
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3.3.2.1 Ba and Sr at the Redox Interface
As a test to see if only redox-sensitive elements (i.e., U, Mn, Fe) 
portray such strong enrichment precisely at the CyF^S interface, we also 
determined the concentrations of the redox-insensitive elements barium and 
strontium in the upper 30 m of Framvaren. These two elements were 
chosen as much is known on their respective marine geochemistries. Both 
Ba and Sr are strongly influenced by biological cycles and are efficiently 
removed from surface seawater by the precipitation of BaS04 and SrC03, 
respectively (Broecker and Peng, 1982). Yet with respect to a change in 
salinity (i.e., across estuarine gradients), Sr is usually classified as a 
conservative element while Ba generally exhibits nonconservative behavior.
The distribution of barium has been studied previously in the water 
column of Framvaren Fjord (Falkner et al., 1993). During this study (June,
1989) Ba remained conservative through the redox transition zone (Fig. 
3.7b) suggesting that neither Fe or Mn cycling had an apparent influence on 
the behavior of Ba. As sampling and filtration procedures are crucial in such 
trace metal determinations, a comparison of methods employed during the 
1989 and 1995 cruise is warranted. In 1989, each 60 ml Ba sub-sample 
was extracted from a 30-L Niskin bottle and immediately syringe-filtered 
using a Nuclepore 0.4 pm membrane. In contrast, for the 1995 cruise a 
single Teflon hose was lowered with an attached CTD profiler, and water
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was then directly pumped through a large capacity Millipak cartridge 
assembly (0.2 pm) by a peristaltic pump (see Sampling and Methods). The 
60 ml Ba (and Sr, U) sample aliquot was collected as the first split during 
the filtration procedure. In addition to these variations in filtration 
techniques, sampling resolution was increased considerably from 1989 to 
1995. A direct comparison of the 1989 and 1995 barium data is thus 
difficult. Nonetheless, from Figure 3.7b it is clear that the vertical 
concentration profile of Ba shows a vastly different trend through the Cyh^S 
interface for these two cruises.
Our Ba concentrations range from 5.90 to 23.50 pg L'1 and there is a 
pronounced maxima at 20.9 m, a depth indistinguishable from the Oj/HaS 
interface. Either the sampling resolution across the O^H2S interface during 
the 1989 cruise inadvertently missed any redoxcline-related Ba 
uptake/release, or Ba is somehow more reactive to microbial 
transformations or to Mn/Fe oxide scavenging during the 1995 cruise. 
Strontium levels extend from 3.03 to 8.16 mg L'1. The water column 
strontium profile is very similar to the Ba distribution and also exhibits a 
sharp spike at 20.9 m. Our Ba and Sr data indicate that the peak in 
observed trace constituents (U, DOC, Ba, Sr, Fe, Mn) precisely at the 
Ojs/H2S interface are not so much a direct function of pure chemical
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reduction/oxidation of a metal oxide carrier phase brought about by a drop 
in Eh, but rather result from microbial uptake and release processes.
3.3.2.2 A Conceptual Model for U across the Redox Front
An conceptual model (Fig. 3.8) of the complex aqueous 
biogeochemical reactions and processes which occur in the region of the 
Cyh^S interface can be useful in explaining the behavior U in Framvaren 
Fjord. In developing this model, four main processes that have known 
importance in the geochemistry of U are addressed: 1) oxidation/reduction 
of U (valence change), 2) U:Mn transformations, brought about by the well 
known redox chemistry of Mn, 3) Urmicrobial associations and lastly 4) 
U:DOC interactions.
The process of inorganic U reduction (Fig. 3.8; Reaction F) as a 
controlling factor in regulating the behavior of uranium in this fjord can be 
eliminated as our experimental oxidation state results (Table 3.2), as well as 
previous U speciation studies (Anderson, 1987; Anderson et al., 1989b), 
confirm the inability of U(VI) to be chemically reduced to U(IV). The 
remaining three processes are closely inter-related and are likely to 
contribute collectively to the overall behavior of U. Uranium can be 
considered a reverse-redox element in that the solubility of its oxidized and 
reduced state is opposite to that of Mn or Fe. In Figure 3.8, a generalized 
Mn cycle at an (V H 2S interface is illustrated. Iron undergoes similar well
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known reactions across such gradients, however, with respect to uranium 
there are at least two convincing facts that tie U more closely to Mn than to 
Fe. From several coastal porewater studies it has been observed that U 
commonly exhibits a very tight correlation with Mn(ll) down-core 
(Swarzenski et al., 1992; McKee et al., 1996), while Fe(ll) and U showed 
little or no correlation. Furthermore, during this cruise in Framvaren, Mn(ll) - 
and not Fe(ll) - concentrations begin to build in the AMR zone, precisely 
where U(VI) concentrations also show a remarkable increase. In 
developing this simple model, changes in the behavior of U are thus 
examined in light of the Mn redox cycle, although iron could easily be 
substituted for Mn in other systems.
In the oxic water column of Framvaren, particulate matter consists of 
metal oxide coatings and biogenic particles (e.g., algae and micro­
organisms). A component of the total U(VI) introduced to these waters is 
from stream runoff and is conceivably scavenged by this oxidized particulate 
matter. Gravitational settling (Fig. 3.8; Reaction A) will transport particulate 
U towards the redox transition zone. As oxidized particulate matter (e.g., 
metal oxides) sinks into the upper extent of the redox boundary (e.g., AMR), 
it is chemically or biologically reduced to the soluble divalent state (Fig. 3.8; 
Reaction B). This is a principal mechanism for the point source production 
of Mn(ll) precisely at the redoxcline (Davison, 1993). If U is indeed
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complexed by Mn02, then this reductive dissolution will also generate 
dissolved U; Figure 3.6 shows the coincident peaks of dissolved U, Mn(ll) 
and Fe(ll) at 21.3 m. Diffusion and advection will disperse the newly formed 
divalent metals and uranium away from the redox interface (Fig. 3.8; 
Reaction C). As these soluble species migrate into the upper limit of the 
AMR zone, they can be re-oxidized (Fig. 3.8; Reaction D) to form Mn(lll,IV). 
In the absence of microbial/biological catalysis, the slower rate of oxidation 
of Mn(ll) compared to Fe(ll) should produce a particulate Mn peak that lies 
well above the particulate Fe peak in the water column (Fig 3.8). However, 
there is overwhelming evidence (e.g., filtered waters oxidize Mn(ll) more 
slowly, bacterial inhibitors slow down Mn oxidation, bacterial cultures are 
able to oxidize Mn) that the oxidation of manganese is microbially mediated 
which can in turn greatly increase the rate of Mn(ll) oxidation (Nealson, 
1983; Tebo et al., 1984; Ehrlich, 1990; Davison, 1993). Further evidence for 
the direct microbial mediation of Mn redox cycles in Framvaren during this 
study can be inferred from the coincident Mn(ll) and Fe(ll) peaks at 21.3 m. 
In the absence of bacteria, thermodynamics would predict a vertical 
displacement of these two peaks. Under anoxic conditions, Fe(ll), Mn(ll) 
and U(VI) can be removed from solution by authigenic mineral formation 
(i.e., FeC 03, FeS, FeS2, MnC03, MnS, U 0 2) (Fig. 3.8; Reaction £).
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Phototrophic sulfur microbes (e.g., purple and green bacteria) can 
grow rapidly into large masses in an anaerobic, sulfide-rich water column 
exposed to light (Madigan, 1988). At the (V H 2S interface in Framvaren, cell 
numbers of such sulfur bacteria are large enough to strongly discolor the 
water column and in vivo absorption spectra can yield an indication of the 
types of bacteriochlorophylls or phototrophs present (Sorensen, 1988). 
Such spectral profiles usually indicate complex layering of dominant 
microbial species and their vertical placement within the water column is 
dictated by the availability of light, sulfide concentration and other 
parameters such as pH and temperature (Madigan, 1988). Especially in 
seawater, sulfate - rather than nitrate or carbonate - appears to be a key 
electron acceptor for phototrophic bacterial decomposition and both sulfate 
and sulfur can be regenerated anaerobically via sulfide oxidation (Fig. 3.8). 
The biogeochemistry of uranium at least in regards to oxidation/reduction 
may be closely tied to the aqueous S cycle in that certain sulfate-reducing 
bacteria (e.g., Desulfovibrio spp.) have been shown to enzymatically reduce 
U(VI) to U(IV) (Lovley et al., 1991, Lovley and Phillips, 1992). Thus sulfate 
or sulfur reducing bacteria present in the anoxic water column have at least 
the mechanistic capability to reduce U (Lovley, 1995). This present study 
focused only on the upper 30 m of the water column in Framvaren Fjord 
where sulfide concentrations are just beginning to build and in these waters
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the production of U(IV) has been experimentally shown to be largely 
inhibited. Any bacteriologically-facilitated U reduction at the redox front may 
also be offset by the observed strong dissolved U point source in these 
waters. Nonetheless, there is previous indirect evidence for slight U 
removal in the anoxic deep water of Framvaren (Todd et al., 1988; McKee 
and Todd, 1993), and it is possible (e.g., the stability of the hypolimnion and 
availability of sulfate) that this reduction is microbially-mediated by the 
sulfate reducers. Finally, the potential direct/indirect oxidation of U 0 2 or 
U(IV) by ferrous or manganous oxidizing bacteria just above the O^HjS 
interface may also contribute to the elevated dissolved U concentrations 
observed at the redox front.
DOC concentrations (Fig. 3.5) in the upper water column of 
Framvaren Fjord show a strong microbial source. A plot of DOC 
concentrations and estimated biomass (calculated directly from light 
transmission) versus depth (Fig. 3.9) illustrates this strong covariance 
which, as expected, is most pronounced at the O^HjS interface. Dissolved 
organic carbon is directly produced by the bacterial decomposition of 
organic matter and this autochthonous C source is thought to be highly 
reactive in regards to further C synthesis and also as a scavenging 
substrate for trace metals and radionuclides. Uranium among many other 
elements can exhibit a very high affinity for organic matter (Davis and Kent,
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1990) and it follows that in a biologically active system such as Framvaren 
Fjord a positive U-organic complex would be favorable. The inter­
dependence between the various pools of organic carbon (i.e., POC, DOC 
and colloidal OC) would therefore play a direct role on the partitioning of U. 
The high dissolved uranium concentrations presented here suggest that a 
newly-formed DOC:U complex may be sustaining U as a dissolved-sized 
species which can then diffuse away from the redox interface by 
molecular/advective processes.
In summary, the extent to which the vertical dissolved and particulate 
U profiles are influenced by microbial- versus purely redox-related reactions 
across the Oj/HgS transition zone of Framvaren Fjord remains largely 
unknown. The consistent peak in the studied redox-, particle- and 
biologically-reactive elements (e.g., U, Mn, Fe, Ba and Sr) at the O^H2S 
interface does not allow us to isolate a specific class of reactions (e.g., 
inorganic redox chemistry) as the dominant event at the redox boundary. 
Rather, our combined radionuclide/trace metal data show a complex suite of 
microbially-mediated biogeochemical reactions and processes which appear 
to occur simultaneously in a very narrow band of water at the redox 
boundary. It is these reactions which collectively generate the observed 
vertical metal profiles in the top 30 m of the water column.
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3.4 CONCLUSIONS
During August 1995, the upper water column (0 - 30 m) of Framvaren 
Fjord exhibited unique vertical concentration profiles of dissolved and 
particulate uranium, DOC, barium and strontium. There is a sharp peak in 
both particulate (20.6 m: 0.26 pg L'1) and dissolved U (21.3 m: 4.06 pg L'1) 
at the Os/HjS interface. Coincident concentration maxima at the similar 
depths are also observed for dissolved organic carbon, Sr, and Ba. The 
extremely elevated dissolved U levels seen in the water column from 18m  
down to 30 m resemble global ocean, high salinity U concentrations (i.e., 
3.3 pg L'1; Chen et al .,1986), although the source of this U is likely due to 
microbial uptake and subsequent release rather than from the open ocean. 
Uranium oxidation state determinations in waters from 22 and 30 m reveal 
that the reduced U(IV) species is not present in significant concentrations, 
and chemical or biological reduction of uranium in these anoxic waters is 
largely inhibited. Our results suggest that U, along with other trace 
constituents such as DOC, Sr, Ba, Fe(ll), Mn(ll) are greatly modified by 
direct and indirect microbial transformations (i.e., S-oxidizing and sulfate- 
reducing bacteria) across the redox transition zone.
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CHAPTER 4.
SEASONAL URANIUM DISTRIBUTIONS IN THE COASTAL 
WATERS OFF THE AMAZON AND MISSISSIPPI RIVERS
4.0 INTRODUCTION
As rivers flow into and mix with seawater, a wide spectrum of 
geochemical reactions are initiated as a result of fundamental changes in 
water chemistry (Sholkovitz, 1976; Boyle et al., 1977; Turekian, 1977). 
Knowledge of the chemical behavior of trace metals in response to these 
dramatic changes is essential to fully understand the fate of metals as they 
are transported across estuaries to the sea (Meybeck and Helmer, 1989; 
Millward and Turner, 1994; Moore, 1994). Furthermore, the validity of 
oceanic trace metal/radionuclide mass balance calculations are directly 
bound by our understanding of these estuarine processes (Shiller and 
Boyle, 1991; Klinkhammer and Palmer, 1991; Swarzenski et al., 1995; 
McKee et al., 1987, 1996). A comparison of the uranium geochemistry in 
the Amazon and Mississippi River outflow regions provides an ideal 
opportunity to study estuarine biogeochemical processes in two highly 
contrasting systems.
The biogeochemistry and sedimentology of the Amazon shelf has 
recently been studied rigorously through AMASSEDS (for a synopsis of this 
interdisciplinary/multiyear project see Nittrouer and DeMaster (1986; 1996),
162
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Nittrouer et al. (1991) and references therein). Briefly, the Amazon River 
ranks highest among world rivers in terms of water and sediment discharge 
(Meade, 1996). it also represents an endmember in regards to its 
catchment area (~ 5° N to 15° S), relative pristine quality and great physical 
energy (i.e., tides, currents and winds). The broad (> 100’s km) and shallow 
shelf is unique for the study of estuarine processes in that the sediment­
laden waters are frequently in direct contact with the seabed during 
estuarine mixing (Moore et al., 1995, 1996; Swarzenski et al., 1995; Smoak 
et al., 1996). Therefore, resuspension of surface sediments, fluid-mud 
oscillations (accretion/collapse) and aggregation/ dissaggregation of fine 
particles and colloids all contribute to the well-established suite of 
biogeochemical transformations (i.e., flocculation, complexation, 
precipitation, redox) that usually affect the geochemistry of trace metals and 
radionuclides as they are transported across estuarine gradients to the sea 
(Sholkovitz, 1976, 1977; Cochran, 1982; Shaw et al., 1995; Stumm and 
Morgan, 1996).
In contrast, the Mississippi River discharges approximately two-thirds 
of its load through the highly channeled distributaries of the modern (Balize) 
delta which has in recent geologic time advanced seaward towards the shelf 
break (Boyd and Penland, 1988; Meade et al., 1996; Mossa, 1996). As a 
result, much physical mixing of river water with seawater occurs where the 
surrounding water depth is greater than 50 m (Wiseman et al., 1976; Shiller
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and Boyle, 1991) and thus the seabed has little or no influence on the 
energetics of mixing. In this system, the extent and rate of mixing is thus 
largely controlled by wind-driven events (i.e., winter and tropical storms) and 
to a lesser extent river discharge (Fox et al., 1987; Shiller, 1993). Water 
discharge in the lower Mississippi River can be highly variable and 
unpredictable (see Results and Discussion) and only during extreme low 
flow conditions is mixing of river water and seawater confined to within the 
lower distributary passes in the form of a classic ‘salt-wedge’ (Wright and 
Coleman, 1974; Hanor and Chan, 1977; Fox et al., 1987; Shiller and Boyle, 
1991; Anderson et al., 1994). The physiographic differences between the 
Amazon (as a shelf environment) and the Mississippi Delta (as a shelf-break 
environment) are thus significant and each environment has inherent 
characteristics that define estuarine trace metal/radionuclide behavior.
To assess the chemical reactivity of U within river-influenced coastal 
waters, major biogeochemical input and removal processes must be 
rigorously quantified. In general, rivers are the largest source of 
continentally-derived weathering products to the sea and supply 
approximately 0.3 pg L'1 dissolved (traditionally defined as < 0.4 pm) and 3 
pg g‘1 particulate U to the coastal ocean (Sackett and Cook, 1969; Mangini 
et al., 1979; Cochran, 1981; Scott, 1982; Palmer and Edmond, 1993). Of 
course such U supply rates are only realistic for large-scale, synoptic flux 
estimates and do not reflect seasonal and geographical U variability which
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has been shown to be significant in some rivers (Scott, 1982; Palmer and 
Edmond, 1993; Snow and Spalding, 1994; McKee, unpubl. Mississippi River 
data). Metals and radionuclides are largely (80 - 90 %) associated with the 
particulate load of a river (Martin and Meybeck, 1979; Presley et al., 1980; 
Martin and Whitfield, 1983; Trefry et al., 1986; Swarzenski et al., 1995) and 
are thought to be complexed primarily by hydrous metal oxides (Gibbs, 
1977; Payne and Waite, 1991; Plater et al., 1992; Waite et al., 1994; Lienert 
et al., 1995) and/or organic particle coatings (Davis, 1984; Zielinski and 
Meier, 1988; Choppin and Clark, 1991). These ionized particles can be 
efficiently stripped of their metals/radionuclides during coastal mixing 
(Sholkovitz, 1976; Boyle, 1977; McKee et al., 1987; Moore et al., 1995) due 
to biogeochemical reactions initiated by the drastic change in ionic strength 
between river water and seawater as well as oxidation-reduction reactions 
(Stumm and Morgan, 1996).
Diagenetic transformations within the seabed and associated 
porewaters are an efficient sink or potential source for U into shelf bottom 
waters (Cochran et al., 1986; McKee et al., 1987; Anderson et al., 1989; 
Barnes and Cochran, 1990, 1993; Swarzenski et al., 1992, 1995; Shaw et 
al., 1995; McKee et al., 1996). Such dissolved U is mobilized either by 
Fickian diffusion across a concentration gradient (Barnes and Cochran, 
1993) or by physical advection of the upper-most seabed. In high-energy 
environments such as the Amazon shelf, fluid-muds and surface sediments
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are periodically advected into the water column by tide- and current- 
produced shear (Kineke and Sternberg, 1995; Kineke et al., 1996). The 
release of U from particles or colloids that have already undergone partial 
diagenetic alterations are thought to be a further source for reactive U into 
the water column (McKee et al., 1987; Swarzenski et al., 1995). In 
sediments of the Mississippi outflow region, Trefry and Presley (1982) and 
Trefry et al. (1986) reported on the substantial upward diffusion of Mn(ll) 
across the sediment/water interface. It has been previously shown that 
uranium can exhibit a very tight association to Mn rather than Fe in certain 
marine environments (Swarzenski et al., 1992; McKee et al., 1996; 
Swarzenski et al., 1997). In the relatively quiescent Mississippi River 
outflow region, redox-related cycles within the surface sediments may thus 
serve as a mode of U transport into shelf bottom waters.
Lastly, it is well known that U can be highly enriched and show 
extreme isotopic disequilibrium in groundwaters (Osmond and Cowart, 
1976; Hussain and Krishnaswami, 1980; Spalding et al., 1984; Copenhaver 
et al., 1993; Snow and Spalding, 1994). If groundwater exfiltration into 
coastal bottom waters is prevalent (i.e., sufficient fluid pressure gradients), 
as has been evidenced in the coastal waters of the North Atlantic Bight 
(Moore, 1996), then it is possible that the isotopic U activity and 
concentration derived from such an input can be discerned from traditional 
marine or terrigenous U sources. Moore (1996) predicts that such a ground
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water source, given the necessary hydrologic and environmental constraints 
of a particular coastal regime, can exceed the collective riverine load 
delivered to the sea for that area. As a redox-sensitive nuclide, uranium can 
be enriched significantly in groundwaters that are in redox transition, e.g., 
roll-front deposits (Osmond and Cowart, 1976; Kraemer, 1981; Banner et 
al., 1990). It is thus likely that such inputs can be isotopically and 
quantitatively unique from a riverine signal. A comprehensive mass balance 
of U and its daughters in seawater should consequently include an 
evaluation of such groundwater inputs. Unfortunately, quantitative 
groundwater exfiltration data of trace metals and radionuclides into coastal 
waters are even more difficult to assess than from riverine sources.
The collective input functions of uranium in coastal waters can 
therefore be divided into the following potential components: the dissolved 
and particulate riverine load, coastal sediments (including porewaters) and 
groundwaters. This report addresses the seasonal variability of dissolved 
uranium in the surface waters of two major, physiographically distinct 
outflow regimes: the shelf dominated Amazon River outflow region and the 
shelf-break setting of the Mississippi Delta. Data from these two large river 
outflow regimes are compared to previous estuarine uranium studies. Our 
results indicate that the role of shelf sediments and the extent of seabed 
reworking (i.e., resuspension and diagenesis) have a controlling affect on
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the estuarine water column geochemistry of uranium in these two 
environments.
4.1 FIELD AND LABORATORY METHODS
4.1.1 Water Sampling
4.1.1.1 Amazon
Twenty-liter surface water samples were collected at approximately 
one-salinity increments across the Amazon shelf using the R N  Columbus 
Iselin's Teflon-lined flow-through system. Samples were obtained according 
to salinity rather than geographic location during three legs of the 
AMASSEDS project (A Multidisciplinary Amazon SEDiment Study; see 
Nittrouer and DeMaster (1996) for a review). Each cruise corresponded to a 
unique river discharge regime as follows: rising (March 1990; Fig. 4.1), flood 
(June 1990; Fig. 4.2) and low flow (November 1991; Fig. 4.3). The overall 
sample collection and filtration procedure evolved slightly from the 1989 to 
the 1991 field expedition as follows.
Water samples from the rising and flood discharge cruises were 
initially pre-filtered through individual acid-cleaned 0.5 pm retention 
Microwynd II cotton cartridge filters to remove large particles. A second 
filtration using 142 mm, 0.4 pm Nuclepore membranes quantitatively 
isolated the dissolved phase. All filtration equipment and 
collecting/receiving vessels were acid cleaned and rinsed with Milli-Q water 
prior to use. During the low discharge cruise (November 1991), the
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Fig. 4.1 Sampling locations on the Amazon shelf: March 1990.
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dissolved fraction was separated with a single 0.4 um (Nuclepore) filtration 
step and the filtrate fraction was subsequently ultra-filtered using a cross- 
flow (tangential) filtration system to further isolate the colloidal (0.4 jam - 1 0K 
NMW) and solution (< 10K NMW) phase. The cross-flow filter consisted of 
four polysulfone Millipore membranes arranged in series which had a 
combined surface area of ~ 930 cm2. Additional details of the sampling and 
filtration procedures utilized during the 1991 cruise can be found in 
Swarzenski et al. (1995); here we report only on the dissolved fraction. The 
dissolved water samples were immediately acidified to pH 1 - 2 with double­
distilled Vycor H N 03 and stored in a dark/cool environment for subsequent 
processing.
4.1.1.2 Mississippi
Surface water samples were obtained aboard the R N  Pelican during 
April 1992 (pre-flood), August 1993 (flood stage; Fig. 4.4) and also during a 
post-flood regime in November 1993 (Fig. 4.5). The August 1993 sampling 
initiative was orchestrated to examine the sedimentological and 
geochemical effects of a 500-year Missouri River flood on the Mississippi 
River outflow region; water discharge and suspended sediments in the 
main-stern Mississippi attained their highest levels just prior to sampling. 
For all cruises, river and seawater samples were collected with a continuous 
flow-through system consisting of a peristaltic pump and acid-cleaned tubing 
which was attached to a weighted ‘fish’ and deployed just below the water
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surface several meters from the ship’s side. As was the case for the 
Amazon, sampling sites in the Mississippi outflow region were chosen solely 
on the basis of salinity. Continuous salinity readings were monitored using 
the ship’s in-line SEABIRD S-T meter.
After allowing for sufficient flushing of the entire pumping system at 
each target salinity, 250 ml of water was pumped directly into acid-cleaned 
bottles. A 60 ml aliquot was immediately syringe-filtered through pre­
weighed 47 mm 0.4 pm Nuclepore planar filters using a Teflon filter block. 
The remaining waters were saved for nutrient and ancillary measurements. 
Each uranium aliquot was immediately acidified with Vycor double distilled 
HNO3. A separate unfiltered 15 ml split was stored unacidified for precise 
salinity determinations. An AGE Instruments Mini-Sal was used at 
LUMCON to determine final salinities.
4.1.2 Mixing Experiments
In addition to field observations, several variations on the classic 
‘products approach’ (Sholkovitz, 1976) mixing experiments were performed 
using waters from the Mississippi outflow region. Such field experiments 
offer insight into how biogenic and inorganic particles and colloids may 
control U behavior in these estuarine waters. Mixing experiments were 
conducted during the August, 1993 Missouri River flood cruise when 
suspended sediment concentrations in the Mississippi River were drastically 
elevated. Artificial salinity gradients (11 samples) were re-created using
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both unfiltered and filtered endmember samples as follows: unfiltered river 
water was mixed with unfiltered seawater (salinity = 35.8) and pre-filtered (< 
0.4 pm) river water was mixed with pre-filtered seawater. The freshly mixed 
water samples were equilibrated for ~ two hours and filtered through 
disposable trace metal ‘clean’ 0.4 pm syringe filters. As above, each 
uranium sub-sample was immediately acidified and stored cool for future 
processing.
4.1.3 Analytical Methods
The uranium content in all acidified water samples was determined by 
isotope dilution mass spectrometry using a VG Plasma Quad PQ2+ 
inductively coupled mass spectrometer at Skidaway Institute of 
Oceanography, USA. Briefly, a small (milliliters) aliquot of each sample was 
spiked with 235U and diluted according to salinity with 1 % HNO3. The 
235y/238y rat(0 was determined with a timed-interval scan of the ICP-MS. 
Detailed analytical methods can be found in Swarzenski (1992). Such a 
method for U detection was highly reproducible and accurate: 10 replicate 
analyses of a standard (968 ng L'1) produced a mean ± 2 ng L*1 from a 
spiked standard with a standard deviation of 15 ng L*1. At these 
concentrations the precision of the data was ±1.5 %.
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4.2 RESULTS AND DISCUSSION
4.2.1 Amazon
The Amazon River water discharge, measured roughly 800 km 
upriver from the river mouth (at Obidos, Brazil), fluctuates from about 70 to 
240 x 103 m3 sec"1 annually (Fig. 4.6). The seasonal variability of this water 
discharge is quite predictable and small relative to other rivers because of 
the large drainage basin and its geographical location situated entirely in the 
wet tropics (Nittrouer and DeMaster, 1996). Some portions of the Amazon 
plume or isolated water parcels/eddies can extend > 1000 km northward 
from the river mouth well into the Caribbean Sea and/or equatorial Atlantic 
(Moore et al., 1986; Lentz, 1995; Lentz and Limeburner, 1995; Limeburner 
et al., 1995). The magnitude of the freshwater discharge (roughly one fifth 
of the combined global freshwater run-off supplied to the sea) nonetheless 
delivers its solutes in very dilute concentrations to the sea, relative to most 
other rivers (Martin and Meybeck, 1979; Meybeck, 1988; Meybeck and 
Helmer, 1989).
The riverine U concentrations reported here (~ 0.01 pg L"1) as well as 
in previous uranium Amazon studies (Moore, 1967; McKee et al., 1987; 
Swarzenski et al., 1995) represent the lower range of U values observed in 
other rivers of the world (Scott, 1982; Palmer and Edmond, 1993). This is 
likely due to the prolonged contact time of lateritic particles with reactive 
solutes during their transport from the upper reaches of the
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drainage basin to the ocean. For example, Gibbs (1977) confirmed that Fe- 
and Mn-oxides were indeed the dominant earner phase for select trace 
metals carried in the Amazon River. It is well known that natural uranium 
can readily form a suite of reactive complexes with the carbonate ion 
(Langmuir, 1978; Grenthe et al., 1991), metal oxides (Ames et al., 1983; Hsi 
and Langmuir, 1985; Waite et al., 1994; Lienert et al., 1995) and organic 
matter (Li et al., 1980; Zielinski and Meier, 1988; Choppin and Clark, 1991; 
Nagao and Nakashima, 1992). It follows that a strong association of U with 
particulate matter (~ 89 % of total U), and conversely very low dissolved U 
concentrations, are observed in the Amazon River (Swarzenski et al., 1995).
Figures 4.7 through 4.9 shows the estuarine variability of dissolved U 
in surface waters of the Amazon shelf during the three discrete river 
discharge regimes. Uranium is consistently removed relative to a two- 
endmember ideal dilution line (conservative mixing) at salinities less than 
15. During low discharge, when much estuarine mixing is contained within 
the shallowest waters proximal to the river mouth, U removal is extended to 
a salinity of 20. At higher salinities dissolved U appears to be fluctuate 
along the conservative dilution line, regardless of river discharge. Moreover, 
change in river discharge does not appear to significantly alter the overall 
distribution of U in surface waters of the Amazon shelf. Observed open 
ocean (highest salinities) U concentrations (~ 3.2 pg L‘1) on the Amazon
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shelf closely match oceanic U values reported by Ku et al. (1977) and Chen 
etal. (1982).
4.2.2 Mississippi
The freshwater discharge of the Mississippi River changes more 
dramatically between and within years than the Amazon River (Fig. 4.10). 
Water discharge at Tarbert Landing, Mississippi (located just below the 
Mississippi River Control Structure where the flow of the Mississippi River is 
partially diverted to form the Atchafalaya River) can vary by a factor of six 
within one year. On average, the Mississippi River experiences two flood 
and two low discharge stages during one annual cycle (Fig. 4.10), yet 
deviations from this generalization are frequent. This variability in river flow 
is due to the uneven geographical distribution of source waters (Meade et 
al., 1996) and the mostly temperate setting of the large drainage basin. For 
example, the Ohio River catchment constitutes only one-sixth of the 
combined Mississippi River drainage basin, but supplies roughly 50 % of the 
discharged water. Conversely, the Missouri River drains about 43 % of the 
total catchment and contributes only ~ 12 % of the combined discharged 
water (Meade et a., 1996). The Missouri River and its many tributaries that 
drain the agricultural Midwest supply the majority of suspended sediments 
carried seaward in the Mississippi River (Mossa, 1996).
The aquatic chemistry and general health of the Mississippi River has
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recently been comprehensively re-evaluated (Meade et al., 1996, and 
references therein). The Mississippi River is not contaminated by trace 
metals to the degree once thought (Trefry et al., 1986; Shiller and Boyle, 
1987; Taylor et al., 1990; Windom et al., 1990; Taylor and Shiller, 1995). 
Nonetheless, anthropogenically-derived organic pollutants, in addition to 
some nutrients and heavy metals increase considerably in concentration 
during their transport down-river (Meade et al., 1996).
Uranium may enter the Mississippi River in several ways: 1) during 
erosion of U-bearing strata such as limestone and shale, 2) seasonal runoff 
of organic, reducing peat-bogs, 3) groundwater infiltration and possibly, 4)
-3as a byproduct of large-scale fertilizer (i.e., P 04 ) applications. At present 
little is known about the relative contribution of groundwaters or organic-rich 
peat bogs as a source for U to the Mississippi. The hydrology of the upper 
river basin (e.g., Minnesota, Wisconsin) is favorable for these two input 
functions to play an important role in the riverine chemistry of U. Although 
phosphate fertilizers can contain high levels of U (up to 200 pg L‘1; Mangini 
et al., 1979), rapid dilution of this anthropogenic source within a river as 
large as the Mississippi makes it unlikely that fertilizer-derived U can be 
quantitatively discerned from natural U sources. Observed disequilibrium 
between 234U and 238U activities offer further evidence that phosphate 
fertilizer inputs alone can not contribute significantly to the overall U 
concentrations observed in the Mississippi River.
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Dissolved riverine uranium concentrations show a general decrease 
from Minnesota to Louisiana and reflect dilution of U-rich Minnesota and 
Missouri River water with U-depleted Ohio River water (Booth, 1994; Snow 
and Spalding, 1994; Meade et al., 1996). A ten-year review of dissolved U 
concentrations in the lower Mississippi River (seaward of Head of Passes; 
Fig. 4.10), yields a value very close to 1.0 pg L'1, regardless of river 
discharge stage or season. Such constancy in the uranium content is 
evidence for the long-term down-river geochemical homogeneity, at least in 
regards to U. Any significant deviation from this value is likely indicative of 
an anomalous river flow; dissolved uranium concentrations much less than 1 
pg L'1 suggest large-scale dilution from the U-depleted Ohio River and 
values > than ~ 1 pg L‘1 suggest a Missouri/Minnesota River flood. Results 
from a colloidal filtration experiment of lower Mississippi River (vicinity of 
New Orleans) water indicate that about 30 % of the dissolved U fraction 
resides in a 10K -  0.4 pm colloidal phase (using an Amicon spiral-wound 
cartridge). Such a relatively minor colloidal uranium signature is in stark 
contrast as to how U is partitioned in the lower Amazon, where 92 % of the 
dissolved U is colloidal-sized (1 0 K -0 .4  pm) (Swarzenski etal., 1995).
Figure 4.11a,b shows the distribution of U vs. salinity during April 
1992 and November 1993. During both discharge regimes uranium appears 
to mix conservatively into seawater, although there are some data points 
from both cruises that suggest slight removal. The Mississippi River
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uranium content in November 1993 is considerably greater than the riverine 
uranium value recorded in April 1992. As mentioned previously, this 
difference in the U content in the lower river from one year to the next is due 
to the relative contribution of U from the source waters. The 1992 and 
November 1993 cruises thus represent a pre- and post-Missouri River flood 
stage, respectively. The conservative nature of U during these two 
discharge regimes probably reflects more on the rapid rate of estuarine 
mixing in the outflow region rather than on the chemical reactivity of U. As 
observed on the Amazon, high salinity (salinity = 33.6) uranium 
concentrations during both sampling periods off the Mississippi River 
approach global open ocean U values (3.2 pg L'1; Chen et al., 1986).
4.2.3 Mixing experiments
Figure 4.12 illustrates the U/salinity relationship derived from two 
mixing experiments as well as the in situ distribution of dissolved U collected 
during the peak of the Missouri River flood event (August, 1993). Unlike 
previously observed estuarine U behavior in the Mississippi outflow region, 
this uranium profile indicates consistent non-conservative behavior (i.e., 
removal). Removal of U is most pronounced at salinities less than 5, 
although when compared to the two-endmember conservative dilution line, 
the entire U distribution suggests minor depletion or removal. The in situ U 
profile is bracketed on each side by results from the mixing
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experiments: the pre-filtered mixing U profile does not show low-salinity U 
removal and conversely, the unfiltered mixing U profile traces the non­
conservative in situ U profile across the salinity gradient remarkably well.
Results from these mixing experiments demonstrate that the 
presence of filterable particles appear to have a controlling effect on the in 
situ dissolved uranium profile. The particulate load of the Mississippi River 
during the flood of 1993 reflects inputs from the highly turbid tributaries of 
Midwest (e.g., Missouri and Minnesota Rivers). These freshly-weathered 
particles have had a relatively short residence time during their transport 
down the Mississippi River and are therefore geochemically more reactive 
than the suspended particles from a less anomalous river flow. An 
interesting observation from these mixing experiments is that the kinetics of 
uranium sorption onto these particles must be very fast (< 2 hours) in that 
similar U removal is shown both in the observed in situ U profile as well as 
the unfiltered mixing experiment.
4.2.4 Physiographic Influences
4.2.4.1 Amazon
On the Amazon shelf, non-conservative behavior is reported for such 
geochemically diverse elements as humic acids (Sholkovitz et al., 1978), 
titanium (Skrabal et al., 1994), rare earth elements (REEs) (Sholkovitz, 
1993), ^ ^ R a  (Key et al., 1985; Moore et al., 1995) and uranium (McKee
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et al., 1987; Swarzenski et al., 1995). As some of these constituents have 
traditionally been considered to be only weakly particle-reactive and largely 
conservative across estuarine gradients, observed removal from the water 
column in the Amazon outflow region must consequently be a very efficient 
and widespread process. Iron flocculation during estuarine mixing is a 
common mechanism whereby trace elements can be rapidly removed from 
the water column. The estuarine flocculation and aggregation of colloidal­
sized amorphous Mn- or Fe oxyhydroxides carried to the shelf by the 
Amazon River are thought to be responsible for such element removal 
(Swarzenski et al., 1995). This process can be either physico-chemically 
active (e.g., surface site scavenging) or passive (e.g., coagulation and 
aggregation). The individual elemental chemistry (charge, orbital
arrangement, complexation) is thought to control the specific mechanism as 
well as the rate and extent of this removal.
Because estuarine mixing processes on the Amazon shelf are so 
dynamic and closely coupled to the sediment/water and fluid-mud interface 
(i.e., resuspension and seabed reworking), bottom sediments can supply a 
significant additional input of reactive Fe and Mn into the water column 
during periods of resuspension. This is substantiated in the pore water 
record (Swarzenski et al., 1992) which shows significant enrichment of both 
dissolved Fe(ll) and Mn(ll) above 50 cm depth. Furthermore, these pore 
water profiles reveal a direct dependence on river discharge; this
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seasonality reflects alternating periods of either diagenetically-induced 
buildup of pore water concentrations or their subsequent release due to 
resuspension/advection/diffusion processes (Aller et al., 1986, Swarzenski 
et al., 1992; McKee et al., 1996). The scavenging capability of this freshly 
produced iron and manganese is thought to extend element removal in the 
waters of the Amazon shelf beyond a salinity of ~ 5. In the case of U, 
removal is greatest (to a salinity of 20) during low river flow when most 
estuarine mixing occurs in the shallow waters directly adjacent to the 
Amazon River mouth. In this region physical reworking of freshly-deposited 
sediments is most dynamic.
The Amazon distal shelf can also play an important role in the marine 
geochemistry of select trace elements and radionuclides. In the case of U 
and possibly the REEs and titanium, there is evidence (McKee et al., 1987; 
Swarzenski et al., 1992; 1995; Sholkovitz, 1993; Skrabal, 1995) that distal 
shelf sediments may be an additional source which can supply either U, 
REEs or Ti into bottom waters. For example, Swarzenski et al. (1995) 
observed colloidal U concentrations that were significantly above the 
conservative mixing line in the mid-salinity region, and attributed this 
uranium source to either the release from bottom sediments or particle 
aggregation/dissaggregation. As previously discussed, it is likely that such a 
process occurs as a result of energetic physical reworking of the surface
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seabed (e.g., fluid-mud oscillations; Kineke and Sternberg, 1996), rather 
then from biological processes.
4.2.4.2 Mississippi
The estuarine geochemistry of uranium on the Mississippi shelf was 
first studied by Scott (1982) who observed an almost linear, conservative U 
vs. salinity distribution during a falling river discharge regime (Fig. 4.13a). 
McKee (1988) re-examined the distribution of U in this system and found 
both depleted and enriched U values (Fig. 4.13b) relative to an ideal dilution 
line during a severe low discharge regime in 1988. A direct comparison of 
these two early U datasets is complicated because of the variability in river 
discharge (falling and drought, respectively) and the ensuing rate and extent 
of fresh water dilution into seawater during each sampling event. The July 
1988 samples were collected during a extreme low flow condition when a 
saltwater lens threatened the freshwater supply of New Orleans (~ 100 km 
inland from the mouth of Southwest Pass). Samples collected four months 
later during November 1988 also reflected low discharge, and mixing of river 
water into seawater again occurred largely within the artificial constraints of 
the lower river rather than in the shelf-break outflow region.
In over fifteen years of uranium studies in waters of the Mississippi 
River outflow region, removal has only been clearly recognized during very 
unusual river discharge periods. Thus it appears that both dissolved (and
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particulate) uranium carried in the well buffered, colloid-sparse Mississippi 
River may be chemically reactive enough to undergo recognizable removal 
during estuarine mixing, given sufficient reaction time. Especially in the 
Mississippi River outflow region where riverine waters can take long time to 
mix into seawater (> 100 d; Wiseman et al., 1976), the mixing rate and 
extent/location of mixing is crucial when examining the estuarine reactivity of 
chemical constituents.
We suggest that the estuarine behavior of uranium in the Mississippi 
River outflow region is thus a product of the following: a) physiography of the 
receiving basin, (e.g., absence of influences caused by benthic processes b) 
the geographical extent and rate of fresh water-seawater mixing, and c) the 
nature of the riverine carrier phase. Uranium data indicate that carrier 
phase properties reflect the geochemistry of the drainage basin and can be 
modified greatly during flood events. Significant groundwater exfiltration into 
bottom waters in this system is not expected due to the negligible hydraulic 
gradient, caused in part by an increasing agricultural and municipal demand 
on fresh water.
4.3 SUMMARY
The chemical reactivity of uranium was investigated across estuarine 
gradients from two of the world’s largest river systems: the Amazon and 
Mississippi. The outflow regions of these two rivers are geographically as 
well as physico-chemically distinct. The Amazon River discharges onto a
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high energy, broad shelf environment where bottom sediments and fluid 
muds are actively involved in estuarine mixing. In contrast, the Mississippi 
River discharges most of its load into a shelf-break environment. In this low- 
energy system physical processes are largely derived from storm (winter 
and tropical) events and estuarine mixing is generally confined to a shallow 
surface water lens that is not affected by benthic biogeochemical processes.
Concentrations of dissolved (< 0.45 urn) uranium were measured in 
surface waters of the Amazon shelf during a rising (March, 1990), flood 
(June, 1990) and low (November, 1991) discharge regime. The dissolved U 
content was also examined in surface waters collected across estuarine 
gradients of the Mississippi outflow region during April, 1992, August, 1993 
and November (1993). All water samples were analyzed for U by isotope 
dilution inductively-coupled plasma mass spectrometry (ICP-MS).
ICP-MS analyses show U to be geochemically reactive in both 
estuarine systems, albeit to varying degrees. In Amazon shelf surface 
waters uranium increased non-conservatively from about 0.01 pg L‘1 at the 
river's mouth to over 3 pg L'1 at the distal site, irrespective of river discharge 
stage. Observed constant U removal at salinities generally less than 15 
implies that: 1) riverine dissolved U is extensively adsorbed by freshly- 
precipitated hydrous metal oxides (e.g., FeOOH, Mn02) as a result of 
flocculation and aggregation, and 2) energetic resuspension and re-working 
of shelf sediments and fluid muds on the Amazon shelf releases a
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chemically reactive particle/colloid to the water column which can further 
scavenge dissolved U across much of the estuarine gradient.
In contrast, in surface waters of the Mississippi shelf-break region the 
estuarine chemistry of U is inconclusive. U behavior is most likely controlled 
less by traditional sorption/desorption reactions involving metal oxides or 
colloids than by the river's variable discharge regime (e.g., water parcel 
residence time during estuarine mixing, nature of particulates, sediment 
storage/resuspension in the confined lower river) and meteorological 
conditions. Mixing of the thin fresh water lens into ambient seawater is 
largely defined by wind-driven rather than physical processes and is 
therefore localized and unpredictable. As a consequence, on the 
Mississippi outflow region uranium predominantly displays conservative 
behavior; removal is evident only during anomalous river discharge regimes. 
‘Products-approach’ mixing experiments conducted during the Flood of 1993 
suggest the importance of small particles/colloids in defining a depleted U 
vs. salinity distribution.
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CHAPTER 5.
234U/238U ISOTOPE SYSTEMATICS IN THE 
AMAZON OUTFLOW REGION
5.0 INTRODUCTION
The use of natural uranium isotopes and their progeny as 
radiotracers for studies in aquatic geochemistry is wide spread (Broecker 
and Peng, 1982; Nozaki, 1991; Harmon and Ivanovich, 1993). Three a- 
emitting isotopes of uranium occur in nature and have atomic masses of 
238, 235 and 234. Of these, 238U -  4.51 x 109 yr.) is by far the most
abundant, accounting for over 99 % (wt/wt) of all natural uranium. Most 
(0.711 %) of the remaining U occurs as 235U (k  = 7.1 x 108 yr.), and 234U 
= 2.48 x 105 yr.) has a very low chemical abundance (0.006 %). 
Conversely, in terms of their activities (radioactive disintegration rates), 238U 
and 234U are almost equally abundant, whereas 235U only has ~ 4.5 % of the 
abundance of 238U. Uranium-234 is a third generation decay product of 
238U, via the /3-decay of 234Th (t% = 24.1 d.) and 234Pa (fj* = 1.18 min.). 
Because the half-life of 234U is much less than that of 238U and the age of the 
earth, the total activity of 234U in the earth must be equal to the total activity 
of 238U. Despite this inherent equilibrium between these two isotopes, local 
disequilibria may exist, and are, in fact, very common in natural waters and 
sediments/soils. These disequilibria are the result of physical (e.g., alpha
207
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recoil) and geochemical processes (e.g., preferential scavenging, lattice 
destruction) and can offer valuable insight into the kinetics of many of 
biogeochemical reactions within such topics as atmospheric chemistry and 
ancient climate change, sea-level fluctuations, deep-sea sedimentation and 
hydrology.
The 234U/238U activity ratio (UAR) is extremely constant in the open 
ocean at 1.144 ± 0.002 (Chen et al., 1986), indicating a 14 % preferential 
release (i.e., change in solubility) of 234U from particles and colloids into 
seawater. It is thought that the specific mechanism responsible for this 
excess 234U is the detachment of 234Th atoms from the mineral lattice of a 
particle by a-recoil, after which 234U can decay independently from its 
radiogenic parent (Fleischer and Raabe 1978, Nozaki, 1991). Conversely, 
in unweathered bedrock radioactive decay must occur within a ‘closed 
system’, and thus UAR values exhibit unity or secular equilibrium. This 
observed discrepancy in UARs has remained largely unresolved and U 
mass balance calculations which include an additional input term for 234U 
have been required to offset the as yet unexplained 234U excess. Additional 
234U sources into seawater may include (Borole et al., 1982): 1) pore water 
diffusion from pelagic sediments (Ku, 1965; Ku et al., 1977), 2) in situ 
leaching of riverine sediments by seawater (Bhat and Krishnaswami, 1969; 
Joshi and Ganguly, 1976; Joshi and Mishra, 1981), 3) low temperature 
alteration of oceanic basalts (Aumento, 1971; MacDougall, 1977;
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MacDougall et al., 1979) and hydrothermal vent emissions (Edmond et al., 
1979). As a source term for 234U, marine pore water U data are inconclusive 
in that U profiles can show either diffusion out of sediments into the water 
column (Swarzenski et al., 1991; McKee et al., 1996) or downward diffusion 
into sediments (Cochran, 1982; Anderson et al., 1989; Klinkhammer and 
Palmer, 1991; Nagao et al., 1992). Although future work may help clarify 
such disparities, current knowledge suggests that diffusion from deep-sea 
sediments alone cannot offset the 234U excess (Turekian and Chan, 1971; 
Borole et al., 1982), and that the global contribution of U from river- 
influenced coastal sediments via diffusion/advection (McKee et al., 1987; 
Barnes and Cochran, 1990; 1993) still needs further refinement. 
Transformations in the geochemistry of U by seawater-basalt interactions 
and hydrothermal effluents are significant, yet uncertainties associated with 
these processes remain large (Nozaki, 1991).
There is increasing evidence that U can be actively removed during 
its transport across many estuarine gradients which can vary considerably in 
geographical location, size and geochemical character (Carroll and Moore, 
1994; Sarin and Church, 1994; Somayajulu, 1994; Swarzenski et al., 1995; 
Swarzenski and McKee, In Review). The degree of U removal appears to 
be dependent on several key criteria, including, 1) a long freshwater- 
seawater mixing time relative to the kinetics of U sorption/desorption, 2) 
presence of a reactive U-carrier phase (e.g., Fe, Mn oxides, organic
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coatings), 3) water column oxygen depletion, and 4) elevated physical 
energy of a particular system. When such parameters are met, U removal is 
significant and can collectively affect the oceanic mass balance of uranium. 
The Amazon shelf represents an ideal setting in which to study river-ocean 
interactions, not only on account of the tremendous water and sediment 
discharge, but also in that the physico-chemical nature of this system 
exhibits many of the above-listed parameters and thus ensures active 
estuarine cycling.
The present paper is an extension of the work initiated by Moore 
(1967) on the isotopic composition of uranium in the Amazon River and 
includes both an estuarine transect as well as a sediment porewater profile. 
The objective of this work is to determine whether reliable (ICP-MS, TIMS) 
isotopic U disequilibria can offer insight into how U is transported across a 
river-dominated shelf and how water column and seabed transformations 
might reconcile the global oceanic mass balance of uranium.
5.1 FIELD AND ANALYTICAL PROCEDURES
5.1.1 Water column
Samples for this study were collected during two field programs to the 
Amazon River outflow region (Fig. 5.1). Pore water samples were obtained 
in 1991 at the ~ 60 m site where seasonal Kasten cores consistently 
recorded diagenetic fluctuations within the top several meters of sediment
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(Aller et al., 1986). Water column samples (river and estuary) were 
obtained in March of 1996 in collaboration with Dr. Auer’s authigenic mineral 
formation ( ‘Reverse Weathering1) cruise to the Amazon River and inner 
shelf. True fresh-water Amazon River samples were collected from the pier 
in Macapa), on the northern branch of the Amazon River close to the river 
mouth. A major emphasis of Dr. Auer’s diagenesis group was to examine 
the biogeochemical processes involved with the formation and migration of 
recent mud banks (in the vicinity of Cabo Cassipore, Fig. 5.1). As a result, 
many of the lower salinity estuarine water samples were collected from this 
region (~ 4° N), yet extensive past work confirms that this area is indeed in 
the direct path of the northward migration of the Amazon plume.
Water column samples were obtained either en-route with the RA/ 
Seward Johnson's (HBOI, Florida) all-Teflon flow-through system (SAIL 
system) or by hand from a small non-metal craft (off Cabo Cassipore and in 
the Cassipore estuary). At each target salinity, 40 liters of surface water 
was collected in two acid-rinsed cubitainers and processed as follows: a) 10 
L were filtered through acid-rinsed, 142 mm Millpore planar filters (0.45 pm), 
b) 20 liters were filtered through 0.4 pm GeoTech filter cartridges for 
subsequent ultrafiltration, and c) particulates were retained on the 142 mm 
Millipore planar filters. Sub-samples were collected for trace metals (500 
mis; dissolved), suspended particulate matter (SPM), DOC and salinity (60 
mis; unfiltered). DOC was immediately acidified with 10 % phosphoric acid,
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stored frozen and subsequently analyzed by high temperature catalytic 
oxidation using a Shimadzu TOC 500 analyzer. Salinity measurements 
were re-determined by conductivity probe (YSI) and an AGE Instruments 
Mini-Sal. SPM data were obtained gravimetrically.
To ensure contamination-free sample processing, plastic sheeting 
was applied throughout the ship’s laboratory station and each sample was 
also sheathed in plastic bags during collection, processing and storage. 
Ultrafiltration of the 20-L dissolved fraction was conducted using a 10 K 
NMW spiral-wound column (polysulfone; Amicon) and concentrated 
(colloidal fraction; 10 K - 0.4 pm) to less than 5 liters (up to 1 hour of 
ultrafiltration). Each sub-sample was immediately acidified with double­
distilled concentrated H N 0 3 (1 - 2 % v/\r, SeaStar) and stored in the ship’s 
cold room (~ 6 °C) for the remainder of the cruise.
Uranium concentrations were initially analyzed in the water column 
samples by ICP-MS (see Swarzenski et al., 1995 for details on ICP-MS 
analytical methods and precision). The ten-liter dissolved water samples 
and corresponding Millipore filters were sent to CALTECH for thermal 
ionization mass spectroscopy (TIMS) uranium isotope analyses. U was 
separated following procedures developed by Chen et al., 1986. Very 
briefly, samples were initially spiked two yield tracers, 233U and 236U, and 
then concentrated by ferric iron precipitation. Uranium isotope analyses
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were performed on the Lunatic I mass spectrometer set in pulse-counting 
mode.
5.1.2 Pore waters
Pore water samples were obtained in 1991 as follows. During the 
AmasSeds program, a sediment gravity (Kasten) corer (12.6 cm2) 
consistently provided undisturbed cores that were up to 3 m in length (Kuehl 
et al., 1985). Upon retrieval, the Kasten core was extruded immediately into 
10-cm sections such that exposure to air was minimized. These 
subsections were then transferred into acid-rinsed centrifuge bottles in a N2  
glovebag and centrifuged at 5000 rpm for 20 min using a gimbaled Sorvall 
SS-3 centrifuge. Pore waters were decanted and filtered (0.4 pm) under N2 
pressure using disposable syringe filters.
Dr. Auer's laboratory at SUNY analyzed the pore waters for dissolved 
Fe and Mn by Ferrozine and atomic absorption, respectively, and precision 
for both techniques was generally < 3 % (Aller et al., 1986). Pore water 
uranium activities and 234U/238U activity ratios were obtained by alpha- 
spectrometry at LUMCON after ion-exchange separation and purification 
techniques similar to Aller and Cochran (1976) and Chen et al. (1986).
5.2 RESULTS AND DISCUSSION
5.2.1 Water column
Concentrations of suspended particulate matter (SPM), dissolved 
organic carbon (DOC), Fe, Mn and uranium isotope activities from the water
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Table 5.1 Amazon shelf water column geochemical data, March, 1996.
Salinity
Latitude
(N)
Longitude
(W)
SPM 
(mg L*1)
Diss. 238U
(pg L'1)
DOC 
(mg L'1) pH
Temp.
(°C)
Rio
Amazonas
01 09.87 49 05.36 164.0 0.03 4.28 6.96 27.10
3.1 03 51.51 51 09.11 113.0 0.04 3.29 6.09 27.20
4.2 01 17.82 49 28.92 108.7 0.05 3.45 7.55 27.20
4.9 03 53.29 51 04.12 1453.0 0.06 4.07 7.54 27.20
6.6 03 53.29 51 04.09 1094.0 0.05 3.58 7.63 27.20
11.3 03 53.31 51 03.30 128.4 0.57 3.63 7.93 27.20
14.5 03 53.41 51 03.45 593.0 0.92 2.26 7.89 27.50
16.4 02 54.14 50 08.30 42.0 1.47 1.36 8.05 27.70
19.4 02 31.48 49 39.19 4.9 1.90 2.00 8.62 27.30
20.6 04 35.15 51 16.12 6.6 2.01 2.11 8.61 27.50
24.9 03 56.38 50 35.73 5.3 2.47 2.09 7.81 27.40
28.6 03 58.09 50 34.44 4.6 2.64 2.38 8.34 27.60
Black water 
I
03 53.49 51 10.41 34.0 0.01 27.88 5.26 26.80
Black water 
II
03 50.55 51 10.29 n/d 0.02 15.99 5.38 26.30
Rio
Cassipore
03 42.06 51 09.30 477.0 0.04 4.24 5.50 27.10
*Open
Ocean:
35.8
06 52.06 52 53.98 n/d 3.25 n/d n/d 27.24
* Open ocean site collected on a transit leg from Belem (Brazil) to 
Bridgetown (Barbados), March, 1996.
n/d no data.
column samples are presented in Table 5.1. One of the striking features 
from this cruise were the greatly elevated DOC concentrations observed in 
the Rio Cassipore estuary and its small distributary streams. This classically 
shaped estuary is situated almost parallel to the Amapa coast and contains
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
216
extensive fine-grained sediment/mud deposits (derived from the Amazon 
plume) on the distal, northern end that affect both estuarine circulation, 
especially during low-tide conditions and estuarine chemistry. Several small 
acidic (pH ~ 4), black-water streams (labeled Blackwater I, II in the following 
Tables and Figures) discharge into the Cassipore estuary. Figure 5.2 
illustrates the exponential increase in pH to about 8 -  8.5 with an increase in 
salinity to ~ 30. The DOC content of these small distributaries, as well as 
the mainstem Rio Cassipore, contained dissolved organic carbon 
concentrations that ranged in excess of 27 mg L‘1 (Fig. 5.3). Such DOC 
values represent the extreme upper limit in riverine dissolved organic carbon 
(Thurman, 1985; Dr. R. Benner, personal communication), and are the result 
of intense, year-round chemical leaching of organic matter. Unlike the well- 
utilized DOC from the mainstem Amazon which is rather refractory (Aller et 
al., 1996), this freshly generated organic carbon is thought to be chemically 
very reactive (labile), and is actively involved in elemental biogeochemical 
cycles during its transport across the estuary (Dr. J. Hedges, personal 
communication).
Suspended particulate matter (SPM) concentrations in the waters 
adjacent to Cabo Cassipore (Fig. 5.4) reflected the occurrence of a high 
turbidity zone (HTZ), and in this region SPM values approached almost 
1500 mg L'1. The HTZ occurred at a salinity close to 5 where flocculation 
processes due to abrupt changes in ionic strength are likely to be greatest.
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Because the surface waters in this particle-laden system are largely devoid 
of extensive biological activity (e.g., phytoplankton and zooplankton), the 
formation of the HTZ is thought to be the result of inorganic and organic 
particle and colloid flocculation and aggregation, rather than being formed 
by a biological bloom. Energetic sediment and fluid mud reworking (e.g., by 
large tides and currents) can provide an additional source of particles to the 
water column to help form the HTZ.
The dissolved 238U profile in the water column off Cabo Cassipore 
extended from 0.01 pg L'1 to 3.2 pg L'1 as salinity increased to 35 (Fig. 5.5). 
The uranium distribution in these estuarine waters indicates significant 
dissolved U removal from the river mouth out to a salinity of 15. Removal of 
238U from the water column onto colloids and fine particles must be a very 
efficient process as uranium concentrations were consistently depleted to a 
salinity of about 10. Such thorough U removal is the result of efficient 
dissolved uranium scavenging by abundant Fe/Mn oxides, organic floes, as 
well as widespread particle/colloid flocculation. From a previous study of 
uranium on the Amazon shelf, Swarzenski et al. (1995) observed that almost 
all (92 %) of the dissolved U at the Amazon River mouth was in a highly 
reactive colloidal phase. It is likely that estuarine U phase transformation 
reactions occur via a colloidal intermediate as described in particle 
continuum theory (Honeyman and Santschi, 1989; Swarzenski et al., 1995).
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Fig. 5.2 Estuarine profile of pH. (In this and subsequent figures, 
Black water I and II represent small, geochemically 
distinct distributary streams of the Cassipore system).
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
DO
C 
(m
g 
L'
1)
219
30 
25 
20 
15 
10 
5 
0
0 5 10 15 20 25 30
Salinity
Fig. 5.3 Estuarine profile of dissolved organic carbon (DOC).
Black water I AMAZON 1996
Black water II
Amazon River 
RIo Cassipore
•  • *
j i i___i— l__i i i i I i i i i I i i i i I i i i i l i i i i i ' i i '
•  •  •  •
Reproduced with permission of the copyright owner. Further reproduction prohibited without permission.
SP
M 
(m
g 
L’
1)
220
1600
AMAZON 1996
1400
1200
1000
800
600
400
200
0
~#EEE
HTZ
Rio Cassipore
Rio Amazonas
Black water I
j i i i I i i i ■ I i i' i i I i i ' '_I_i_i ' l l ' _■ i ■ I i i i ■
0 5 10 15 20 25 30
Salinity
Fig. 5.4 Estuarine profile of suspended particulate matter 
(SPM). HTZ represents a high turbidity zone.
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Fig. 5.5 234U/238U isotopic ratios (UARs) and U concentrations
versus salinity. The UARs were measured with TIMS 
(see text).
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Beyond a salinity of 15, 238U values closely followed the ideal dilution 
line and the behavior of U appears to be conservative or direct function of 
salinity. The predictable dilution of oceanic U concentrations into estuarine 
waters does not necessarily indicate non-reactivity of uranium. It is possible 
that U enrichment and depletion processes can balance or offset one 
another. Indeed, such is the case for the behavior of DOC across many 
estuarine gradients where a DOC versus salinity distribution generally 
indicates conservative mixing behavior, even though the reactive nature of 
organic carbon is of course well known.
There was an abrupt change in observed DOC concentrations at a 
salinity of about 13 to 15. As this was also the salinity range where U 
removal ceased and the behavior of uranium became more conservative, it 
is possible that estuarine geochemistry of U is closely tied to DOC cycling. 
The unusually high DOC levels of the Black Water streams further support 
this notion as certain components of DOC (e.g., humic-acids) have been 
previously shown to be a strong complexing agent for uranium in natural 
waters (Zielinski and Meier, 1988; Mann and Wong; 1993). An alternate 
explanation for the abrupt changes observed in both DOC and U in the mid­
salinity field is that in this region a change in the bathymetry (i.e., depth of 
the sediment-water interface, presence of fluid muds) can have a direct 
affect on geochemical processes in the water column.
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5.2.2 Pore waters
Pore water concentrations of dissolved iron [Fe(ll)], manganese 
[Mn(ll)], uranium [U(VI)] and uranium activity ratios (UARs) are given in 
Table 5.2. Except in the shallowest sediment sample (5 cm), which may
Table 5.2. Amazon shelf pore water data.
Depth
(cm)
Dissolved
238u 
fog *-')
UAR
‘ UAR
errors
Fe(ll)
foM)
Mn(ll)
foM)
5.00 10.32 1.24 ±0.09 67.50 153.70
15.00 10.32 n/d n/d 0.00 229.62
25.00 12.41 1.33 ±0.07 0.00 162.98
35.00 12.31 1.43 ±0.11 0.00 175.00
55.00 11.81 1.24 ±0.09 0.00 132.07
85.00 13.40 1.52 ±0.22 0.00 143.00
115.00 3.79 1.04 ±0.17 312.80 45.02
145.00 1.39 n/d n/d 270.77 40.27
175.00 1.29 n/d n/d 280.76 14.09
205.00 1.59 n/d n/d 326.00 27.85
235.00 0.69 n/d n/d 305.73 20.92
265.00 0.50 n/d n/d 272.44 21.00
UAR Uranium activity ratios; 234U/238U; 
n/d no data;
* UAR errors based on 1 cr.
have become inadvertently re-oxidized during ship-board sample 
processing, Fe(ll) concentrations remained below the analytical detection 
limit down to a depth of 85 cm (Fig. 5.6). There was a drastic increase in
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dissolved Fe(ll) at an approximate depth of 1 m due to the energetic 
reductive dissolution of abundant Fe oxides present in these sediments. 
This zone of elevated dissolved Fe(ll) (~ 250 - 300 pM) extended from 100 
cm down to the bottom of the core (265 cm) and is a characteristic feature of 
Fe diagenesis on the Amazon inner shelf (Aller et al., 1986). A direct 
consequence of such extensive iron reduction in the absence of significant 
sulfide production is the formation of authigenic minerals such as calcite 
(CaCOa), siderite (FeCCh), glauconite, chamosite, vivianite (FePO,*) and 
rhodocrosite (MnCOa). These minerals are normally unstable in the 
presence of moderate sulfide concentrations (Ghirose and Ehrlich, (1992), 
and some (e.g., FeC03) minerals may even be used as indicators of sulfate 
depleted environments such as freshwater swamps, low salinity marshes 
and post-sulfidic environments (Skinner and Fitzpatrick, 1992). Using the 
equilibrium program WATEQ, Aller et al. (1986) have modeled Amazon shelf 
pore waters. Their model and observational results confirm that the pore 
waters of the Amazon inner shelf are indeed supersaturated with respect to 
the dominant pure carbonate species (i.e., siderite, calcite and rhodocrosite) 
as well as possibly some other minerals (e.g., vivianite, glauconite, 
chamosite).
In contrast to the pore water Fe(ll) distribution, the Mn(ll) profile in 
Fig. 5.6 reveals that most Mn oxidation and reduction reactions occur in 
sediments that are generally less than one meter deep, and consequently,
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before iron can become diagenetically mobilized. This distinct zonation of 
first Mn and then Fe redox chemistry is a consistent feature in sediments 
from the Amazon inner shelf (Aller et al., 1986). There was a very 
pronounced subsurface Mn(ll) maximum (up to ~ 230 pM) at 15 cm depth. 
Below this sharp peak Mn(ll) concentrations decreased exponentially to 
values of ~ 25 pM at 175 cm. Depleted Mn(ll) values observed in sediments 
from about 150 cm down to the bottom of the Kasten core are further 
evidence for the efficient formation of authigenic minerals such as 
rhodocrosite.
The vertically distinct pore water profiles of Fe and Mn indicate that 
the extended zones of Fe reduction are most likely an indirect result of slow 
S 0 4'2 reduction coupled to S(ll) oxidation by Fe/Mn compounds, rather than 
direct Fe-C interactions. Diagenetic reactions in the surface sediments 
down to about 100 cm are influenced strongly by manganese redox cycling. 
Conversely, in sediments from 1 m down to 2.65 m iron oxidation/reduction 
dominates. Because in these sediments interstitial salinities are generally 
quite high (0.3 -  0.6 M Cl'1) and sulfate moderately abundant (~ 1 0 - 3 0  
mM; Aller et al., 1986), the apparent minimal affect of S(ll) production (and 
the resultant O2  depletion) from sulfate reduction must be due a combination 
of one or more of the following factors: the low concentration or reactivity of 
organic matter (refractory carbon), high concentration of solid phase Fe or
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Mn species, or the particular energetics of this shelf environment (rapid 
sediment accumulation, fluid muds, active sediment reworking).
There is a strong covariance between the pore water profile of Mn(ll) 
and the dissolved 238U pore water distribution. This apparent coupling of 
Mn-U rather than Fe-U has been observed in every Kasten core pore water 
profile analyzed (Swarzenski et al., 1992; Barnes and Cochran, 1993). 
Seasonal fluctuations thus do not appear to have a direct affect on the 
observed Mn-U relationships. Pore water U(VI) concentrations increased 
from ~ 7.5 pg L'1 to 10 pg L'1 down core to 85 cm and then decreased 
exponentially to background concentrations (< 1 pg L'1) at the bottom of the 
core (265 cm). Such a strong decrease in uranium indicates a redox- 
mediated valence change from U(VI) to U(IV). The sequence of appearance 
of first dissolved Mn(ll) and then Fe(ll) in the reducing sediments follows the 
general sequence in which electron acceptors (i.e., NO3 '1, M n02, FeOOH, 
and SO4*2) are utilized during organic matter decomposition (oxidation) 
(Froelich et al., 1979). Uranium may be placed into this sequence if its 
reduction from U(VI) to UIV) is similarly coupled to organic matter oxidation 
(Cochran et al., 1986). In doing so, the thermodynamically predicted redox 
chemistry of uranium (AG° = ~ -65 kcal mole'1) would occur between Mn 
(AG0 = -  -83 kcal mole'1) and Fe (AG° = ~ -27 kcal mole'1). Furthermore, 
the standard redox potential (ps°) for the U(VI) -U IV ) couple is very close to 
that of Mn(VI)-Mn(IV) at pH 7 (Stumm and Morgan, 1996). As discussed, in
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the bottom of the core conditions are favorable for the formation or 
precipitation of a suite of authigenic minerals, including uraninite - UO2 .
Daughter-parent uranium activity ratios (UARs) from the same core 
reveal large, discernable differences relative to both oceanic (1.14) and 
alumino-silicate (1.0) UAR values. The vertical profile of dissolved UARs 
increased from a value of 1.24 ± 0.09 at 5 cm to 1.52 ± 0.22 at 85 cm. At 
115 cm the UAR ratio was again close to unity, 1.04 ± 0.17. Given the 
analytical uncertainties of alpha spectroscopy (see errors reported in Table 
5.2), the pore water uranium activity ratios yield important information to 
help develop the following scenario regarding the transport and isotopic 
fractionation of uranium from the upper Amazon River drainage basin to the 
estuary and inner shelf.
In unaltered or unweathered bedrock the processes of radioactive 
decay and therefore the production of daughter radionuclides operate within 
a ‘closed system’. As a consequence, the U-series radioisotopes must exist 
in secular equilibrium and parent-daughter ratios such as the UAR must 
equal unity (1.0). However, as these rocks become exposed to the Earth’s 
surface by chemical and physical erosion processes, local disequilibria in 
the U/Th series decay chain may develop. Isotopic fractionation can result 
from differential solubilities, adsorption rates, chemical precipitation and 
alpha-recoil processes. It is well known that 234U has a much greater 
solubility than its indirect parent, 238U. This enhanced solubility of 234U is
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due in part to decay-generated alpha-recoil by preferential oxidation and 
leaching of 234U from damaged lattice sites (Fleischer and Raabe, 1978). A 
consequence of the preferential solubility of 234U is that the dissolved UARs 
are generally much greater than 1.0, and conversely, much less than unity in 
particulates (Scott, 1982).
Very little work has been completed on UARs in the Amazon River 
system. The pioneering work of Moore (1967) indicate that the UAR of 
Amazon River water and suspended particles is 1.10 and 0.94, respectively. 
Once uranium with a UAR close to unity (1.0) is leached into streams in the 
upper Amazon basin, isotopic fractionation processes can therefore 
increase the dissolved UAR by as much as 10 %. This fractionation is most 
likely localized on particulate/colloid surfaces (Fe/Mn and organic matter 
coatings) as opposed to lattice-bound UARs. As U is transported across the 
estuarine zone of the Amazon shelf, dissolved U is removed from the water 
column by Fe/Mn flocculation as well as active scavenging. The suspended 
particles will therefore consist of both an inner, residual core, in which the 
UAR must be close to unity, and an outer surface coating that contains 
freshly scavenged uranium that is enriched in 234U relative to 238U (Joshi and 
Mishra, 1981). These particles can then settle out of the water column (after 
aggregation) and are deposited onto the seabed where they are buried very 
rapidly by active accretion and fluid mud migrations (measurable 
sedimentation rates can reach up to 10 cm yr'1; Kuehl et al., 1986). In such
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sediments, the dissolved UAR profile shown in Fig. 5.6 appears to closely 
trace the diagenetically-induced remobilization of Fe and Mn, assuming that 
the Fe/Mn oxide-scavenged UAR is on the order of 1.2 -  1.5 and the lattice- 
bound UAR is close to unity.
5.3 SUMMARY
Natural levels of uranium and 234U/238U isotopes were determined to 
investigate U transport phenomena within sediments and waters of the 
Amazon outflow region and inner shelf. Surface water samples were 
collected off the Amazon River mouth as well as off Cabo Cassipore. 
Salinity-property plots of DOC, pH and suspended particulate matter (SPM) 
reveal that two vastly contrasting waters are mixed in the estuarine zone. A 
plot of U versus salinity indicated that uranium was highly non-conservative 
and exhibited extensive removal from the water column onto inorganic 
(Fe/Mn oxides) and organic (e.g., carbon) colloids and fine particles. 
Removal was most pronounced within a salinity field of 0 to 10 and in this 
region dissolved U concentrations did not show a significant increase even 
though these waters are mixed with open ocean (high uranium ~ 3.2 pg L'1) 
waters.
Inner shelf dissolved Fe, Mn, U and 234u/238U pore water profiles 
indicate the following diagenetic processes. Extensive (~ 1 m) zones of Fe-, 
and to a lesser degree Mn, reduction in the absence of significant S(ll) 
levels facilitate the formation of authigenic minerals (e.g., siderite,
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rhodocrosite and uraninite). The pore water dissolved U profile co-varies 
closely with that of Mn and not Fe. Isotopic fractionation of U in the pore 
waters reveals information on the origin and history of the particulate phase 
(residual lattice structure versus surface coating as a carrier phase for U).
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CHAPTER 6. 
SUMMARY
6.0 THE RESEARCH QUESTIONS
(1) What is the estuarine behavior of uranium and, if U does indeed exhibit 
non-conservative trends, what are the geochemical or physiographic 
characteristics that define this reactive behavior?
(2) Can we isolate the carrier phase of uranium as it enters an estuary, and 
how does the chemical reactivity of this carrier phase affect estuarine U 
behavior?
(3) What happens to the distribution of 210Po, 210Pb, U, Fe and Mn across 
the redox transition zone in Framvaren Fjord? Is it possible to separate 
biogenic versus inorganic processes across the finely-stratified O2 /H 2 S 
interface in this fjord?
Results from this study have addressed each of these objectives by 
combining both field and laboratory investigations. Through this research it 
is hoped that our general understanding of fine-scale biogeochemical 
cycling of trace elements and radionuclides in coastal waters has been 
advanced.
6.1 FINDINGS
In order to address the questions raised above, uranium-series 
radionuclides (e.g., 234U, 238U, 210Po and 210Pb), some minor and major trace
236
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elements (Fe, Mn, Ba, Sr) and dissolved organic carbon were analyzed in 
the water column and sediments from a diverse suite of estuaries. These 
coastal waters ranged in magnitude and energetics from the unparalleled 
Amazon to a quiescent, high-latitude fjord. In addition to being vastly 
opposite in regards to their respective physical regimes, the estuaries were 
also geochemically as well as physiographically very distinct.
6.1.1 Amazon
On the Amazon shelf, uranium was consistently removed from the 
water column at salinities less than about 20. Such extensive removal was 
observed at every river discharge stage. Removal from the water column 
onto particles and colloids is thought to involve particle scavenging (e.g., 
abundance of Fe and Mn oxides), flocculation (brought about by a drastic 
change in ionic strength during mixing of river water and seawater), 
aggregation (of colloids up the particle size spectrum), and finally particle 
settling. The pronounced high turbidity maximum (HTZ; suspended 
particulate matter (SPM) concentrations extended to 1500 mg L’1) observed 
close to salinity of 5 was not the result of a phytoplankton bloom, but rather 
due to the extensive flocculation of Fe and Mn oxides during early estuarine 
mixing. Dissolved organic carbon (DOC) was very high in the small 
distributary streams of the Cassipore estuary and likely also has a very 
strong affect in the estuarine reactivity of U in this system. The role of 
bottom sediments (and fluid muds) during resuspension events as well as
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during early diagenesis is extremely important in the overall mass balance of 
many elements (Ti, REEs, Ra, Th and U) in the water column of the Amazon 
Shelf.
6.1.2 Mississippi
Unlike the shelf setting of the Amazon, the Mississippi River outflow 
region is a shelf-break environment where the majority of estuarine mixing is 
largely unaffected by bottom sediments and occurs in the surface-most 
water column. The distribution of U in this system is not as consistent and 
generally much less reactive than on the Amazon shelf. During most river 
discharge stages U exhibited conservative behavior and the concentration of 
U was simply a function of salinity. Non-conservative U distributions were 
observed only during anomalous river discharge regimes (floods and 
droughts). In this system, where the mainstem Mississippi River is largely 
the product of two geochemically quite different tributaries (Missouri and 
Ohio Rivers), the elemental carrier phase can be quite variable, depending 
on which tributary is in flood stage.
During the 1993 Missouri River Flood we observed that uranium was 
considerably elevated in the mainstem Mississippi relative to normal flow 
conditions. During this flood event the estuarine distribution of uranium 
showed strong non-conservative behavior, indicating extensive removal of U 
from the water column onto particle surfaces. ‘Products-approach’ mixing
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experiments offer further evidence for the importance of colloids and fine 
particles in regulating U removal in this system during certain river stages.
6.1.3 Framvaren Fjord
The environmental setting of Framvaren Fjord separates this system 
drastically from the previous two estuarine regimes. Here direct riverine 
inputs are minor in the overall fresh water budget. Combined fresh water 
inputs (including snow and ice melt) to this fjord are only on the order of 1 
m3 sec'1. The most important characteristic of this system is, however, the 
sharp O2 /H 2 S interface that is situated at about 20 m and well within the 
photic zone. This redox boundary has not migrated much vertically within 
the last 50 years due to the very stable water mass of Framvaren (an 
extremely shallow (1 -  2 m) and long (~ 150 m) sill effectively prohibits turn­
over).
The stability of the water column in Framvaren Fjord facilitates the 
energetic growth of anoxygenic phototrophic bacteria, including two 
dominant subspecies, Chlorobium and Chromatium at the O2 /H 2 S interface. 
The diverse microbial assemblages located proximal to the redox boundary 
have the ability to dramatically enrich a geochemically diverse suite of 
elements and radionuclides. During our cruise in August of 1995, we 
observed very pronounced spikes in concentrations and activities of 
dissolved uranium, 210Po, 210Pb, Sr, Ba and the redox-sensitive elements Fe 
and Mn. Because the waters surrounding the redox boundary are very
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finely stratified, it was not possible to vertically separate redox reactions 
(primarily inorganic) from microbially-mediated uptake and release 
reactions. However, as Sr and Ba concentrations were also sharply 
elevated across the redox transition zone, and these two elements do not 
exhibit redox chemistries per se, we believe that microbial processes at this 
interface dominate the vertical distribution of a suite of geochemically 
diverse metals and radionuclides.
6.2 FUTURE WORK
It has become clear that future research efforts in coastal 
oceanography, where the behavior of many elements is involved in complex 
biogeochemical cycles, are highly dependent on sampling and analytical 
resolution. There are many exciting new approaches to the aquatic 
geochemistry of anoxic basins and coastal waters. Currently much energy 
is being devoted to develop extremely fine-resolution ASV micro-electrodes 
to examine redox couples such as Fe(ll)-Fe(lll), Mn(ll)-Mn(IV) and even 
U(IV)-U(VI) in a water column or sediment. The simplicity of such in situ 
probes makes them invaluable for rigorous observational as well as 
temporal studies. For example, such micro-electrodes have already 
provided new insights into the complex redox cycle of Mn (e.g., double Mn 
peaks) and organic matter decomposition, and will undoubtedly become 
standard practice as this technology becomes more user-friendly.
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Another aspect of marine geochemistry that has benefited notably 
from advanced instrumentation is detection and speciation of bio-methylated 
metalloids and metals such as Po, Cd, Pb, Te, and Se. It is now possible to 
detect and measure some bio-transformations products in natural seawater 
samples. A direct application of this can be utilized for the marine 
geochemistry of polonium. It has been shown from laboratory experiments 
that Po can be quite easily bio-methylated to form highly volatile 
intermediates. The quantification of such volatile species is crucial for a 
mass balance of polonium if 210Po is indeed removed from the surface water 
column across the air-sea interface.
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